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Abstract 

Methylmercury (MeHg) concentration in surface waters is a key variable regulating 

mercury availability to food webs. Few studies have quantified the seasonal importance 

of photodemethylation reactions and the influence of chromophoric dissolved organic 

matter (DOM) properties on these relationships. To address this research gap we have 

used numerous controlled experiments that focused primarily on the quantification of the 

relationships between solar radiation exposures, DOM, and MeHg within six freshwater 

lakes in Kejimkujik National Park and National Historic Site in Nova Scotia. The 

concentration of DOM was found to strongly control the photoreactivity of DOM in these 

study lakes across sampling seasons (R2=0.94). The effect of DOM photoreactivity on 

MeHg photodemethylation was directly tested using photochemically manipulated water 

from one lake collected in three different months. Photodemethylation rate constants and 

efficiencies tended to be higher in water collected during June, when in-situ DOM 

concentration was lower, than in water collected in August and October. Experiments that 

included water from all six lakes in summer and fall showed that DOM concentration 

could explain 76% of variation in photodemethylation rate constants. The outcomes from 

this combination of studies and experiments provide insight for prediction of 

photodemethylation potential in our study system and for comparison with MeHg 

concentrations in corresponding food webs. Methylmercury is associated with DOM 

(DOM-MeHg) in complexes, however in high DOM waters the proportion of DOM that 

is associated with MeHg (DOM-MeHg) will decrease and this MeHg-free DOM may be 

critical in regulating photodemethylation reactions. Photodemethylation will still occur in 
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high DOM waters but at a limited rate because a smaller proportion of the photoreactions 

will involve DOM-MeHg complexes. This is the first study to test and quantify a 

competitive interaction between MeHg photodemethylation and DOM 

phototransformations (both photomineralization and photobleaching) to support the 

conceptual idea that higher dissolved organic carbon systems will have slower rates of 

photodemethylation. Overall, this compiled body of work yielded a method for predicting 

seasonal and spatial changes to MeHg concentrations in surface waters depending on 

environmental and physicochemical factors. 
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Chapter 1 : INTRODUCTION AND OVERVIEW 

Abstract 

Mercury contamination is a growing concern for freshwater food webs even in 

ecosystems without direct point sources of mercury pollution. The methylmercury 

(MeHg) species of mercury is of particular interest, as this is the form of mercury that is 

bioaccumulative, can cross the blood-brain barrier, and has neurotoxic effects on 

organisms. The methylation of mercury occurs primarily through activity of sulfate 

reducing bacteria in areas that have high organic content and lack oxygen availability 

such as wetlands and benthic sediments. Biological uptake of MeHg is controlled by 

physicochemical characteristics such as pH, thiol groups, and dissolved organic matter 

(DOM) as well as biological attributes of food webs including structure and species 

interactions. The degradation of MeHg through photochemical reactions is thought to be 

one of the most effective destruction mechanisms in freshwater lakes, however, there 

remains large uncertainty around the relationships between these photoreactions and the 

role of DOM. A comprehensive investigation into the controls DOM imposes on 

photodemethylation is needed, in particular the photoreactive nature of DOM and the 

potential for photoreactions with MeHg leading to photodemethylation.  
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1 THESIS RATIONALE 

 Mercury is a heavy metal and ubiquitous environmental contaminant that can have 

severe effects on organisms due to its neurotoxic properties. Methylmercury 

contamination is a growing concern in aquatic food webs far from point sources of 

pollution (Evers et al. 2007; Wyn et al. 2010; Kidd et al. 2011; Lehnherr 2014). Common 

loons in the Maritimes, and particularly Kejimkujik National Park and National Historic 

Site in Nova Scotia, have the highest blood mercury concentration in all of North 

America (Evers et al. 1998) and these concentrations are thought to be partially 

responsible for declined loon productivity (Burgess and Meyer 2007). This region also 

has documented high concentrations of mercury in bats (Little et al. 2015) and prey 

species (Depew et al. 2013b) such as yellow perch (Wyn et al. 2010). The rationale 

behind these high mercury burdens is unclear but likely due to the physicochemical 

attributes of these ecosystems (Clayden et al. 2013). The mercury sensitivity of the 

Kejimkujik National Park ecosystem is also linked to high DOM concentrations 

(commonly quantified as dissolved organic carbon (DOC)) throughout the park. Naturally 

occurring DOM is well correlated with total mercury concentrations in the park (Meng et 

al. 2005) and affects photochemical reactions involving mercury, such as photoreduction 

of divalent mercury to elemental (Haverstock et al. 2012).  

 Incoming solar radiation can facilitate the demethylation of toxic MeHg through a 

process called photodemethylation and this pathway can be a significant sink for MeHg in 

freshwater lakes (Sellers et al. 1996, 2001; Hammerschmidt and Fitzgerald 2006; 

Lehnherr and St Louis 2009; Li et al. 2010; Black et al. 2012). Dissolved MeHg in 

freshwater is bound to dissolved organic matter (DOM) and it is thought to be the 
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photoreactive DOM that primarily absorbs the ultraviolet (UV) solar radiation and is 

responsible for initiating these photoreactions (Tai et al. 2014; Qian et al. 2014; 

Jeremiason et al. 2015). The speciation of mercury in aquatic ecosystems along with 

water chemistry characteristics controls the efficiency of mercury retention and 

biomagnification in food webs. While many studies have focused on mercury speciation 

and mercury methylation processes, few have examined rates of toxic MeHg removal 

from natural freshwaters. Additionally, there are very few studies examining temporal 

and spatial trends in MeHg photodemethylation rate constants (Poste et al. 2015), and 

fewer still addressing the direct role of DOM to this process in natural freshwaters (Fleck 

et al. 2014). This thesis provides fundamental kinetics of MeHg photodemethylation 

reactions and investigates the influence of DOM on these photoreactions. 

The overall objective of this thesis was to determine how DOM concentration and 

its photoreactivity (i.e. chromophoric properties), in combination with ultraviolet (UV) 

radiation exposure, controls photodemethylation rate constants within freshwater lakes. 

We chose to quantify DOM concentration as DOC concentration because DOC is a well-

documented variable in many ecosystems and is a useful proxy for DOM. We also chose 

to focus on the dissolved organic matter and filter out particulate matter because previous 

studies have identified that MeHg bound with DOM is more likely to photodemethylate, 

but also that POM would likely introduce much more error into our experimental 

analysis. Both DOM and MeHg concentrations are variable in time and space, and under 

certain conditions, this variation may lead to increased risk of MeHg exposure to the base 

of the food web. Rate kinetics and thresholds for MeHg removal mechanisms that limit 

this exposure must be quantified. For this work, water was collected for monitoring and 
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experimentation repeatedly from the same six lakes in Kejimkujik National Park in 2013, 

2014, and 2015. Study lakes were specifically chosen to represent a range of naturally 

occurring DOM concentration across seasons. In 2013, controlled laboratory experiments 

that focused on characterizing photoreactive DOM in these six lakes took place at the 

Mersey Tobeatic Research Institute in Caledonia, Nova Scotia in June (summer), August 

(late-summer), and September (fall). In 2014, controlled laboratory experiments were 

used to address the relationship between photoreactive DOM and MeHg in one of the six 

lakes (a high carbon lake; Big Dam West). These laboratory experiments took place at 

Acadia University in June (summer), August (late-summer), and October (fall). In 2015, 

experiments were used to compare photodemethylation rate constants between the six 

lakes in two seasons, during May (spring), July (summer), and October (fall). The pairing 

of lab and field methods provides advantages, in that analytical chemistry and ecosystem 

processes can both be quantified, to provide a unique understanding of 

photodemethylation rate constants in these mercury sensitive environments.  

2 THESIS ORGANIZATION 

 This thesis consists of five chapters. Chapter 1 includes a brief overview of thesis 

rational and structure, then a literature review that focuses on the significance of 

photodemethylation in the context of freshwater mercury cycling and examines 

uncertainties in MeHg sources, sinks, and the implications for MeHg bioavailability to 

food webs. Chapter 5 is a summary of the major conclusions and the significance and 

implications of the thesis findings. Chapters 2, 3, and 4 are research papers and 

correspond with specific research themes for each year of experiments: 2013, 2014, & 
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2015, respectively. Therefore, each data chapter has its own inclusive introduction and 

conclusions. The main objectives and hypotheses from the data chapters are provided 

below. 

2.1 Thesis objectives and hypotheses 

 Chapter 2 examines the photochemical characteristics of DOM from lake waters 

in Kejimkujik National Park and discusses possible implications for MeHg 

photoreactions. I hypothesized that if there was a reduction of UV radiation entering lakes 

from summer through to fall that lead to a decrease of associated losses of chromophoric 

structures from in-situ DOM, then I predicted that UV-A photoreactivity of lake water 

would increase over the sampling season (summer through fall; Figure 1.1). I also 

predicted that higher concentrations of photoreactive DOM would facilitate an increased 

rate of photoreactions involving DOM, and that these reactions could interact with MeHg 

in the lakes (Figure 1.1). Results showed that DOM concentrations and photoreactivity 

were related, and that water samples with higher DOM concentration were more 

susceptible to photobleaching and loss of absorbance. Photoreactions involving mercury 

(MeHg in particular) may be inhibited because DOM can dominate photoreactions. 
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Figure 1.1 Initial predictions for Chapter 3 – photoreactive dissolved organic matter (DOM) 
will increase over sampling seasons (summer, late-summer, fall), which corresponds with 
photoreactive DOM likely influencing photoreactions involving methylmercury (MeHg). 
 
  
 The next chapter, Chapter 3, building on the results from Chapter 2 examines if 

variability in photoreactive DOM (defined as A350) could explain MeHg 

photodemethylation reaction rates. I hypothesized that if intramolecular 

photodemethylation reactions involving charge transfer within the DOM to DOM-bound 

MeHg were occurring (Tai et al. 2014; Jeremiason et al. 2015), then the rate of MeHg 

photodemethylation and photoreactive DOM would be positively related (Figure 1.2). I 

also predicted that DOM previously exposed to photochemical processing would yield 

lower rates of photodemethylation and that there would be a seasonal difference in 

photodemethylation rate constants because photoreactive DOM would be different at each 

of the June, August, and October sampling points - mirroring shifts in DOM 

concentration that are controlled by inputs and photoprocessing (Figure 1.2). Results from 

these laboratory experiments showed that pre-processed DOM had no effect on 

photodemethylation rate constants from month to month. However, photodemethylation 

efficiencies were higher in the lower photoreactive DOM (more photobleached) 

treatments. All treatments in June had higher photodemethylation rate constants 
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compared to the other sampling months suggesting a potential seasonal effect. These 

results suggested that waters with less photoreactive DOM offer greater potential for 

photodemethylation, the opposite of initial predictions. 

 

 

 
Figure 1.2 Initial predictions for Chapter 3 – increased photoreactive dissolved organic 
matter (DOM) will increase MeHg photodemethylation rate constants (kPD), which means 
that photochemical processing of DOM will also increase kPD, which will also correspond 
with sampling seasons (summer, late-summer, fall). 
  

In order to focus on research gaps identified in Chapter 3 and test MeHg 

photoreactions in water from more than one lake, Chapter 4 examines how MeHg 

photodemethylation rate constants varied across six lakes in response to DOM 

(concentration and photoreactivity) and sampling season. Controlled experiments 

described previously were laboratory-based, whereas this set of  experiments took place 

outside to replicate many of the physical conditions present within the surface of natural 

lakes. This change in experimental design helped further validate the controls on 

photodemethylation under natural conditions, including irradiance (diurnal cycles) and 

temperatures. I hypothesized that if an increase in the competition for incoming photons 
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had occurred between DOM and DOM-MeHg complexes, then rates of 

photodemethylation would decrease with increasing DOM concentration (Figure 1.3).  

I predicted that at low DOM concentrations, a larger proportion of the photoreactive 

DOM-MeHg complexes would be involved in photodemethylation reactions, whereas at 

higher DOM concentrations competition for photons by DOM would result in 

comparatively less photodemethylation of MeHg (Figure 1.3). Results from Chapter 4 

clearly demonstrate that DOM concentration is a dominant control on photodemethylation 

in Kejimkujik National Park lakes. As DOM became progressively more photobleached 

and photomineralized, less MeHg photodemethylation occurred. The clear consequence is 

that photodemethylation is less likely to reduce toxic MeHg in high carbon lakes, as 

compared with transparent low-DOM lakes. Additionally, because lake hydrology 

controls lake transparency and DOM concentration, the potential for photodemethylation 

is driven by characteristic hydrologic regimes and events that cause shifts in DOM 

concentration and photoreactivity over time.  

 

 
Figure 1.3 Initial predictions for Chapter 4 – increased dissolved organic matter (DOM) 
concentrations will result in decreased photoreactions with DOM-MeHg, which will result in 
decreased MeHg photodemethylation rate constants (kPD). 
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3 LITERATURE REVIEW: REVIEW OF FACTORS AFFECTING 
METHYLMERCURY PRODUCTION, BIOAVAILABILITY, AND 
DEGRADATION IN REMOTE FRESHWATER LAKES 

3.1 Mercury ecotoxicity in remote freshwaters  

Ecosystem sensitivity to mercury contamination has been defined as the ability of 

a particular ecosystem to methylate inorganic mercury (Hg(II)) into methylmercury 

(MeHg) and transfer that MeHg into biota (Munthe et al. 2007). Furthermore, there are 

three principal hypotheses discussed iteratively in scientific literature (Kidd et al. 2011; 

Clements et al. 2012) that may in conjunction address this phenomenon from a fresh 

angle to rationalize this phenomenon (Figure 1.4). First and foremost, there must be 

MeHg present in the environment for uptake by organisms. A better understanding of 

MeHg availability within freshwater ecosystems is warranted because concentrations are 

governed by the balance between methylation and demethylation processes (Figure 1.5) 

(Xun et al. 1987; Miskimmin et al. 1992; Sellers et al. 2001; French et al. 2014). 

Methylation rates are typically used for assessing risk of mercury contamination 

(Schartup et al. 2015; Calder et al. 2016) but it is critical to include demethylation rates 

and food web uptake pathways in these assessments. Second, the species composition of 

the food web can affect the mechanisms of MeHg transport and consequently the 

biomagnification rates in each ecosystem. Third, the position of an organism within the 

food web and the length of the food web will affect the MeHg burdens because higher 

trophic level organisms have greater MeHg concentrations (Bloom 1992). The main 

purpose of this review is to highlight the importance of demethylation relative to 

methylation and bioaccumulation of MeHg.  
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The toxicity of mercury, specifically the organic form MeHg, is of great concern 

to wildlife and human populations due to its neurotoxic and endocrine disrupting 

capabilities (Mergler et al. 2007; Burgess and Meyer 2007; Batchelar et al. 2013). 

Anthropogenic activity has increased atmospheric deposition of mercury by 3-fold in 

some areas due to industrial emissions (Lindberg et al. 2007). This increased flux has 

altered the amount of mercury that is actively cycling between the lithosphere, 

atmosphere, terrestrial, and aquatic environments (Nriagu 1993). Mercury can undergo 

both biomagnification through food webs as MeHg (Morel et al. 1998; Walters et al. 

2016) and long range transport as gaseous elemental mercury (Hg0) to be deposited in 

remote regions far from point sources of pollution (Fitzgerald et al. 1998). Food webs in 

many remote environments show increasing concentrations of mercury and this trend is 

particularly pronounced in fish and fish-eating organisms (Evers et al. 2007; Kidd et al. 

2011; Lehnherr 2014). Determining the potential for mercury contamination across 

ecosystems is complex given the many physical, biological, and chemical factors that can 

affect mercury speciation and in combination have different predictability for mercury 

fate in freshwaters. 
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Figure 1.4 Variation in methylmercury (MeHg) contamination across organisms and sites 
can be explained through the use of several well studied mechanisms in freshwaters: the 
amount of MeHg at the base of the food web by quantifying the net outcome of methylation 
and demethylation pathways, bioavailability of that MeHg to organisms and how the 
structure of food webs will alter the rate in which MeHg is retained, and the trophic length 
or complexity of food webs. This figure is modified from Kidd et al. (2011). 
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Figure 1.5 Mercury cycling and speciation in freshwater lakes are governed by external 
inputs and outputs to the system (brown arrows) and internal processes (black arrows). The 
magnitude of each of these sources and sinks is of great importance to quantifying risk of 
mercury uptake to biota in remote mercury sensitive lake ecosystems.  
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3.2 Production of methylmercury in freshwaters  

3.2.1 Biological production of methylmercury by bacteria 

Methylation of Hg(II) in natural environments is a biological process mediated 

primarily by anaerobic sulfate reducing bacteria (SRB) (Compeau and Bartha 1985; 

Gilmour et al. 1992, 1998, Benoit et al. 1999, 2003), likely iron reducing bacteria (Kerin 

et al. 2006), and any organism that contains the two genes responsible for methylation 

(Parks et al. 2013). Sulfate reducing bacteria are obligate anaerobes that use sulfate as a 

terminal electron acceptor in order to gain energy through the oxidation of organic matter 

(Compeau and Bartha 1985). Methylation is stimulated by sulfate additions and stopped 

through the inhibition SRB activity (Gilmour et al. 1992). The deposition of sulfate in 

acid rain is hypothesized to be partially responsible for high concentrations of MeHg in 

some remote regions (Branfireun et al. 1999). Neutral mercury-sulfide (HgS) complexes 

have been suggested to be the dominant speciation of Hg(II) uptake by methylating 

bacteria (Benoit et al. 1999) because of the strong affinity between Hg(II) and reduced 

sulfur (Dyrssen and Wedborg 1991) and the ability for HgS to passively diffuse through 

cell membranes (Benoit et al. 2001). Uptake of Hg(II) in green algae (Selenastrum 

capriconutum) does not differ between live and dead cells (Filip and Lynn 1972) further 

supporting that passive transport of mercury across lipid layers occurs (Morel et al. 1998). 

Additionally, Hg(II) forms complexes with the amino acid cysteine, which promotes 

bacteria cell uptake (shown with Geobacter sulfurreducens) and methylation of mercury 

(Schaefer and Morel 2009). Experiments also suggest that uptake of Hg(II) by bacteria is 

an active transport mechanism facilitated by low molecular weight thiol complexes that 

use divalent metal ion (such as zinc (Zn(II)) cell wall channels (Schaefer and Morel 2009; 
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Schaefer et al. 2014). Both charged (Hg-cysteine) and neutral species (HgCl2) can 

actively enter cells in the absence of Zn(II) but uptake is inhibited with increasing Zn(II) 

concentrations (Schaefer et al. 2014). This strong relationship between sulfur and Hg(II) 

is key for increasing Hg(II) bioavailability to SRB which then methylate this species of 

mercury and produce MeHg. 

Labile carbon as an energy source to microbial communities is also very important 

for methylation. Methylmercury concentrations in sediments have been shown to 

correlate with organic content (Mason and Lawrence 1999) and complexation of Hg(II) 

by dissolved organic matter (DOM) can facilitate bacterial uptake by stimulating mercury 

methylating bacteria (Mazrui et al. 2016). Concentrations of dissolved MeHg in lakes 

tend to be positively correlated with DOM concentrations (Krabbenhoft et al. 2002; Meng 

et al. 2005) and methylation rates increase with increasing DOM concentrations 

(Miskimmin 1991). More than 90% of Hg(II) (Lindqvist et al. 1991; Gherini et al. 1994) 

and 40-90% of MeHg (Gherini et al. 1994; Hill et al. 2009) in lake waters will be 

associated with DOM. High concentrations of DOM may however inhibit methylation 

possibly through the binding of Hg(II) with DOM that cannot be transported into cells 

(Miskimmin et al. 1992) and uptake or bioavailability of Hg(II) could exhibit a threshold 

effect (Driscoll et al. 1995; French et al. 2014; Isidorova et al. 2016). Low pH 

environments will result in more MeHg association with reduced sulfur groups further 

stimulating methylation and uptake (Ullrich et al. 2001). The effect of carbon is not 

straightforward, however the effect of pH is quite clear with higher methylation rates in 

more acidic conditions (Miskimmin et al. 1992; Rudd 1995; Chen et al. 2005).  
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3.2.2 Physicochemical characteristics affecting potential for sites of mercury methylation 

Bacteria-mediated methylation occurs in environments with low redox potential 

including wetlands (Rudd 1995), sediments (Gilmour et al. 1992), and anoxic portions of 

the water column (Eckley et al. 2005; Eckley and Hintelmann 2006). Specifically, it is 

aquatic environments with low pH and high organic matter that favour formation and 

high solubility of MeHg (Watras et al. 1998; Ullrich et al. 2001). Methylation occurs 

rapidly at the sediment surface and within the top few centimeters of the sediment-water 

boundary (Gilmour et al. 1998). Hot spots for methylation occur along ecosystem 

boundaries (McClain et al. 2003) such as the transition from terrestrial to aquatic (streams 

and littoral), sediment to aquatic (benthic), and oxic to anoxic (water column) where the 

influx of new solutes to a system occurs. River flood-plain corridors are also likely hot 

spots for mercury methylation principally during periods of fluctuating inundation (Singer 

et al. 2016). Hot spots for MeHg production in peatlands exist immediately adjacent to 

the boundary of upland forest and peatland initiation (Mitchell et al. 2008). Similarly, in a 

mining reservoir the river-reservoir interface had 68% more food web MeHg than farther 

into the reservoir near the dam wall (Stewart et al. 2008). Natural (through seasonal or 

climate change induced hydrological regimes) (Isidorova et al. 2016; de Wit et al. 2016) 

and anthropogenic (land use change) landscape disturbances (O’Driscoll et al. 2006; de 

Wit et al. 2014) alter the flux of organic matter and mercury into aquatic systems and the 

balance of MeHg production and bioavailability to biota. 
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3.2.3 Emergent methylmercury production 

Quantifying the potential for methylation to occur is a critical component of the 

mercury contamination story and this potential may be altered through shifts in 

organisms, land use, and climate. Methylation occurs through the expression of two 

genes, hgcA and hgcB (Parks et al. 2013). A recent study by Podar et al. (2015) has 

identified that organisms with these genes exist in many places on Earth and therefore 

that the potential for methylation also exists in many places previously not considered 

(Figure 1.6). These methylation environments not only include dynamic landscapes such 

as thawing permafrost, coastal zones, and extreme environments but also the digestive 

tract of some invertebrate organisms (Podar et al. 2015). Given changing hydrology with 

climate change, the export of more organic matter in Scandinavian boreal rivers and lakes 

(Isidorova et al. 2016; de Wit et al. 2016) as well as northeastern United States (Strock et 

al. 2016) is predicted and this shift will likely coincide with increased inputs of mercury 

and promotion of methylation.  



 17 

 
Figure 1.6 Global locations and frequency of hgcAB genes that have the potential to 
methylate mercury. This figure is from a study by Podar et al. (2015) and also contains 2010 
mercury emission estimates. 

 

3.3 Removal of methylmercury from water columns   

3.3.1 Physicochemical processes act as a methylmercury sink 

There are a number of physical constraints on MeHg availability within water 

columns of freshwater lakes. Methylmercury bound with large organic matter particles 

that are too large to cross cell membranes is inaccessible (Miskimmin et al. 1992). Just 

like MeHg produced in sediments and released to the water column, MeHg physically 

removed from the water column and incorporated into sediments can be re-suspended or 

dissolved into the water column due to physical disturbance to the sediments or dramatic 

decreases in pH that increase the solubility of MeHg (Watras et al. 1998; Ullrich et al. 

2001). Browning of boreal lake waters due to increased rainfall predictions from climate 
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change may enhance organic matter burial and therefore MeHg bound with particulate 

organic matter and flocculates (Isidorova et al. 2016) although there is still great 

uncertainty regarding the net outcomes of these processes.  

3.3.2 Biological processes that demethylate methylmercury 

There are not many studies that focus on the demethylation of MeHg by 

microorganisms. Anaerobic microorganisms like SRB that methylate Hg(II) can also 

demethylate MeHg (Bridou et al. 2011) through oxidative demethylation resulting in 

Hg(II) (Oremland et al. 1991; Barkay and Wagner‐Döbler 2005). Microbial 

demethylation can also occur by reductive demethylation resulting in Hg0 (Oremland et 

al. 1991) but oxidative demethylation is thought to be the dominant pathway in natural 

environments (Lin et al. 2011). Biological speciation of mercury, both methylation and 

demethylation occurs primarily in substrates with high organic content, such as sediments 

(Gilmour et al. 1992; Marvin-DiPasquale and Oremland 1998; Benoit et al. 1999). To 

date there has been no measurable biological removal mechanism of MeHg in aerobic 

lake water (Hammerschmidt and Fitzgerald 2010; Klapstein et al. 2016).  

3.3.3 Photochemical processes are methylmercury sink in freshwaters 

Demethylation of MeHg can also occur through photochemical reactions, a 

mechanism called photodemethylation (Sellers et al. 1996). Photodemethylation is the 

primary sink (up to 80%) for MeHg in some freshwater surfaces (Sellers et al. 2001; 

Hines and Brezonik 2004; Hammerschmidt and Fitzgerald 2006; Lehnherr and St Louis 

2009; Poste et al. 2015) and is less effective at depth in water columns due to attenuation 

of radiation by DOM (Krabbenhoft et al. 2002; Lehnherr and St Louis 2009; Zhang and 
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Hsu-Kim 2010; Poste et al. 2015). The controls and rates of photodemethylation need to 

be better quantified across broad ecosystems, particularly those sensitive to mercury 

contamination and that contain high concentrations of photoreactive dissolved species 

such as DOM. 

3.3.3.1 Well quantified factors controlling methylmercury photodemethylation 

Several studies have identified that photodemethylation will proceed at different 

rates depending on the radiation wavebands present (Lehnherr and St Louis 2009; Black 

et al. 2012; Fernández-Gómez et al. 2013). Screens of different material have been used 

to remove radiation wavebands and thereby test the effects of those specific wavebands 

on photodemethylation rate constants. In temperate lake water samples exposed only to 

visible light (400-700 nm; UV was screened out using Lee film) photodemethylation rate 

constants were about 10-fold less than in samples exposed to full spectrum radiation 

(Lehnherr and St Louis 2009). Black et al. (2012) found that photodemethylation rate 

constants were 400-fold greater for UV-B (280-320 nm) and 37-fold greater for UV-A 

(320-400 nm) radiation as compared to visible radiation in water from temperate 

wetlands. In many freshwaters DOM readily absorbs shorter wavelengths of UV radiation 

(Scully and Lean 1994; Morris et al. 1995; Haverstock et al. 2012; Poulin et al. 2014) and 

much of the visible light is absorbed in surface waters of high carbon systems resulting in 

brown waters (Bertilsson and Tranvik 2000; Osburn et al. 2009) and thereby reduces the 

available energy at those shorter wavelengths for photoreactions involving MeHg. UV-A 

is the portion of UV that is the most relevant for MeHg photoreactions in natural 

freshwaters due to the fast attenuation of shorter wavelengths (Lehnherr and St Louis 
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2009) and therefore research that focuses on this portion of UV radiation and its 

interactions with DOM is key to quantifying the effect of DOM on MeHg photochemistry 

in freshwaters (Kim and Zoh 2013).  

 Photodemethylation occurs in a photochemically active layer within water 

columns. The thickness of this layer will depend on the attenuation of solar radiation 

wavelengths that are capable of facilitating photodemethylation (Sellers et al. 1996). 

Therefore, the depth of potential photodemethylation reactions is dependent on the DOM 

concentration. Lakes with higher concentrations of DOM generally attenuate these 

wavelengths more effectively than lower DOM lakes (Scully and Lean 1994; Morris et al. 

1995; Poste et al. 2015). A lake with a DOM concentration of 12.8 mg C L-1, for example, 

can be predicted to have photodemethylation occurring in the top 30 cm of the water 

column (Lehnherr and St Louis 2009). Whereas a nearby lake with a concentration of 5.3 

mg C L-1 could in theory have photodemethylation to a depth of 2.5 m using the same 

DOM-based attenuation relationship (Lehnherr and St Louis 2009). Consequently, high 

DOM lakes in Nova Scotia (9.2-12.3 mg C L-1) also have limited depths (19-17 cm) at 

which UV photoreactions with DOM will occur (Haverstock et al. 2012).  

Loss of MeHg through photodemethylation can appear linear within short 

timeframes and when there is no limiting reactant (Fleck et al. 2014; Klapstein et al. 

2016). Subsequently, quantification of this process is best determined based on 

cumulative radiation energy received using first-order rate constants instead of being a 

time-based parameter (Lehnherr and St Louis 2009; Black et al. 2012; Li et al. 2012; 

Fleck et al. 2014; Klapstein et al. 2016). Early studies focusing on photodegradation of 

MeHg have reported MeHg losses as a function of time (days typically) (Sellers et al. 
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1996; Krabbenhoft et al. 2002); however, the amount of radiation is highly variable from 

day to day and it is the energy provided by photons that actually drives the reaction. 

Cumulative energy received is typically presented as cumulative photosynthetically active 

radiation (PAR; 400-700 nm) likely for two reasons: consistency, as this is the way that 

the first photodemethylation study presented the calculation (Sellers et al. 1996), and 

instrumentation, as it is simpler methodologically to quantify PAR than specific 

wavebands of UV and therefore measured more often globally. The need for more global 

UV irradiance measurements is imperative moving forward so that such work can be 

coupled with ongoing mechanistic research addressing photoreactive DOM and 

photodemethylation rate constants. 

3.3.3.2 Effects of dissolved organic matter on methylmercury photodemethylation 

Direct photolysis of MeHg can in theory happen (Tossell 1998) but this is not very 

likely at Earth’s surface because the necessary short radiation wavelengths are depleted 

due to ozone absorption. Photodemethylation of MeHg will not occur in natural 

environments without a photosensitizer present (Zhang and Hsu-Kim 2010; Tai et al. 

2014; Qian et al. 2014; Jeremiason et al. 2015; Zhang et al. 2016). Consequently, MeHg 

will not photodegrade in pure water and the rate of photodemethylation will increase as 

low doses of DOM are added to water (Qian et al. 2014; Jeremiason et al. 2015). 

Photoreactive dissolved constituents such as DOM (Zhang and Hsu-Kim 2010; Tai et al. 

2014; Qian et al. 2014; Jeremiason et al. 2015; Zhang et al. 2016) and Fe 

(Hammerschmidt and Fitzgerald 2010; Zhang et al. 2016) can facilitate 

photodemethylation by first absorbing available wavelengths of radiation and then 
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through photochemically produced reactive intermediates (PPRI) (Jeremiason et al. 

2015). Initial mechanistic photodemethylation hypotheses predicted that the production 

and release of radicals from DOM such as reactive oxygen species (1O2/OH�) and excited 

triplet state (3DOM*) (Zepp et al. 1985) might drive an intermolecular 

photodemethylation pathway (Zhang and Hsu-Kim 2010; Hammerschmidt and Fitzgerald 

2010; Black et al. 2012; Fernández-Gómez et al. 2013). Laboratory experiments, 

however, have not been able to identify a specific radical responsible for driving 

photodemethylation using radical quenching techniques by scavenger addition for 1O2, 

OH�, 3NOM*, and hydrated electron (e-
aq) (Tai et al. 2014). Photodemethylation has 

recently been proposed to be an intramolecular process (Tai et al. 2014; Qian et al. 2014; 

Jeremiason et al. 2015) stimulated by the absorption of photons by photoreactive DOM.  

It has recently been proposed that 3DOM* may be responsible for the intramolecular 

charge transfer to break the carbon-mercury bond of the methyl group (Qian et al. 2014).   

Methylmercury associated with reduced thiol functional groups (RS-) will be more 

easily photodemethylated than MeHg associated with chloride species due to a weakening 

of the carbon-mercury bond in the methyl group (Ni et al. 2006; Zhang et al. 2016). 

Concentrations of DOM in freshwaters are likely high enough that MeHg will 

preferentially form complexes with DOM and not chloride and this has been shown in 

high carbon waters such as Everglades water (Zhang and Hsu-Kim 2010; Tai et al. 2014). 

The addition of thiol ligands not associated with DOM reduced photodemethylation rate 

constants in simulated waters that only contain photoreactive DOM likely through the 

thiols making the MeHg inaccessible to photodegradation (Jeremiason et al. 2015). 

Photoreactive DOM contains aromatic functional groups, commonly quantified by the 



 23 

absorbance of radiation at 350 nm (A350) (Baker and Spencer 2004) or the specific 

ultraviolet absorption at 254 nm (SUVA254) (Weishaar et al. 2003). These structures are 

responsible for absorbing solar radiation in DOM-MeHg complexes which will then 

facilitate photodemethylation (Qian et al. 2014). The bond between the mercury and 

carbon atom in MeHg cannot be broken through direct photochemical cleavage in natural 

waters (Tossell 1998) and the RS-MeHg bond also does not absorb solar UV radiation 

(Jeremiason et al. 2015). Qian et al. (2014) found that DOM containing both thiolate and 

aromatic functional groups in the same molecule result in the highest rates of 

photodemethylation. MeHg can bind weakly with carboxylic groups but it will 

preferentially bind with reduced sulfur functional groups over relatively short time 

periods of 4-24 hours (Hintelmann et al. 1995; O’Driscoll and Evans 2000). The effect of 

DOM on photodemethylation can differ depending on the size of DOM, small molecular 

weight compounds (<3.5 kDa) have been shown to promote photodemethylation through 

a reactive effect whereas larger molecular weight compounds (>3.5 kDa) will inhibit 

methylation through radiation attenuation (Kim et al. 2017). The interaction between 

MeHg and DOM is key for photodemethylation to occur and thiols promote 

photodemethylation when another component of the DOM is photoreactive.  

Due to the importance of MeHg binding with specific structural groups within 

DOM, the effect of pH on photodemethylation of MeHg is key. Photodemethylation is 

promoted in more alkaline solutions and rate constants increase with increases in pH 

(Kim et al. 2017). Increases of pH from 5.0 to 7.0 has been shown to increase the rate of 

photodemethylation but the same experiments also showed a decrease at a pH of 8.0 but 

then another increase in rate at 9.0 suggesting that the relationship between pH and 
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photodemethylation rate is complex (Zhang et al. 2016) but likely is linked to binding 

capacities and efficiencies of the MeHg with DOM.  

 Optical characterization of DOM can increase our knowledge about the influence 

of DOM structures on photodemethylation, while structural techniques are important for 

identifying where the MeHg is within a DOM complex, optical data can infer which 

structures are involved in photodemethylation. Absorbance and fluorescence 

spectroscopy have determined that MeHg photodemethylation can occur without the loss 

of DOM concentration (Fleck et al. 2014) and that the photoreactive components of the 

DOM will be transformed into less photoreactive structures (Cory et al. 2011). 

Absorbance spectral slopes and the ratio between these (SR; S275-290/S350-400) can be 

associated with the molecular size of the chromophoric DOM molecules and changes in 

these slopes can signify internal structural changes caused by photochemical reactions 

through selective losses of higher molecular weight associated chromophores leading to a 

shift in the proportion of these chromophore groups (Helms et al. 2008). Increase of SR 

corresponds with MeHg loss in wetland waters and a decline in the molecular size of 

chromophoric DOM due to photochemical reactions (Fleck et al. 2014). Additionally 

Fleck et al. (2014) suggest that there may be a pool of base refractory photoreactive DOM 

because fluorescence excitation-emission matrices across the wetland study sites became 

more similar following photochemical processing. Photodemethylation can be inhibited 

by high molecular weight DOM (Zhang et al. 2016) because this fraction of the DOM 

pool has a higher radiation attenuation capacity (Li et al. 2010; Fernández-Gómez et al. 

2013) since it is composed of more humic aromatics (Weishaar et al. 2003). A significant 

portion (40-70%) of the MeHg in freshwater lakes and wetlands associates with low 
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molecular weight DOM (<5kDa) (Hill et al. 2009). These studies highlight the synergistic 

effects of reduced sulfur groups and photoreactive aromatics and the need for better 

understanding of the DOM composition of DOM-MeHg complexes to better predict 

photodemethylation rates in natural waters.  

3.4 Mercury contamination in freshwater organisms  

3.4.1 Mercury entry into the base of food webs 

 The uptake of mercury into organisms occurs via two pathways: direct water-to-

organism transfer and through the consumption of organisms that already contain 

mercury. In freshwater environments dissolved mercury exists in several forms: Hg0, 

Hg(II) and MeHg. Both Hg(II) and MeHg form lipid soluble hydrophobic complexes with 

chloride and phytoplankton receive mercury through uptake of these complexes (Mason 

et al. 1996). Phytoplankton species accumulate MeHg actively through cellular function 

and not passive diffusion like Hg(II) uptake, which was shown in experiments that 

compared MeHg and Hg(II) concentrations in live and dead cells (Pickhardt and Fisher 

2007). Bacterial uptake of MeHg was ten times greater than algal uptake perhaps due to 

higher surface area-to-volume ratios and possibly more binding sites for reactive mercury 

compounds on bacterial than algal cells (Pickhardt and Fisher 2007). Additionally, the 

partitioning of mercury within algal cells is different for MeHg and Hg(II), with up to 

64% of MeHg but only 9 - 16% of the Hg(II) in the cytoplasm (Pickhardt and Fisher 

2007). This difference in distribution within the cells leads to more efficient retention of 

MeHg than Hg(II) during transfer from phytoplankton to zooplankton (Pickhardt and 

Fisher 2007). Reinfelder et al. (1991) and Mason et al. (1996) further suggest that the 
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cytoplasmic concentrations of trace metals like mercury are readily transferred and 

amassed in consumers.   

Many chemical factors within an environment control the uptake of mercury into 

unicellular organisms. Environmental pH and dissolved organic matter (DOM) can alter 

the cellular membrane and thereby influence the transmembrane transport of MeHg. 

Lower pH will favour the formation of chloride complexes (Morel et al. 1998) and more 

free hydrogen ions (H+) reduce available binding sites on DOM for MeHg, which means 

greater MeHg bioavailability in more acidic waters (Watras et al. 1998). The effect of 

DOM on MeHg uptake from water is complicated; increased DOM concentrations 

increase the cellular membrane’s permeability to metals, causing more transfer into cells 

(Campbell et al. 1997) and increased DOM flushed from terrestrial and wetland 

landscapes into streams and lakes also carries more mercury to these systems, thus 

increasing the baseline concentrations of MeHg available in a system. A whole lake 

manipulation experiment with decreased pH and increased lake water DOM concentration 

led to higher MeHg in zooplankton (Watras et al. 1998) by affecting the MeHg available 

to the base of the food web (Watras and Bloom 1992). A DOM threshold for maximum 

bioavailability of MeHg of 8.5 mg C L-1 has been proposed with uptake declining as 

DOM concentrations decrease and increase from that maxima (French et al. 2014). 

However, this study used organisms from lakes with different physical features 

(permafrost thaw causing slumping at lake edges versus lakes with stable edges) and the 

invertebrate MeHg concentrations tended to group by lake type on opposite sides of the 

threshold (French et al. 2014), which could have influenced these results. Nevertheless, it 
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is an intriguing idea, that DOM may exert some threshold control on regulating MeHg 

availability to biota. 

Ecosystem parameters such as forest cover, mercury deposition, and alkalinity can 

also explain regional differences in MeHg available to the base of the food web (Lavoie 

et al. 2013; Depew et al. 2013a; b) and ultimately variation in piscivore mercury 

concentrations (Chasar et al. 2009; Wyn et al. 2009). The concentrations of MeHg in 

lower trophic levels are an important predictor of mercury contamination within a food 

web and local environment. To determine the mercury in lower trophic levels we must 

recognize the influence of chemical factors such as complexation of mercury with sulfide 

and DOM, pH variability, and also the biological factors, such as food web structure and 

diet, on bioavailability of mercury from water and the method for available mercury 

uptake. 

3.4.2 Organisms exposed to mercury through diet 

Mercury is a nonessential element acquired by consumers as a consequence of 

food source. Regardless of mercury concentration, consumers tend to choose diet entities 

based on quality and quantity of resources available (Marcarelli et al. 2011). Primary 

producers are the base of aquatic food webs, and more specifically, a source of fixed 

carbon (organic matter) to consumers. Alternatively, sources of organic carbon to food 

chains can also come from detrital organic matter; consumers of this carbon source are 

known as detritivores. Detrital inputs can be fairly continuous or shift seasonally due to 

plant life cycles, migratory animal behaviour such as deposition of bird guano, fish 

reproduction and death (semelparous), and hydrological regimes (Blais et al. 2007). 
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Terrestrial detritus is a major source of organic matter to every aquatic ecosystem and 

encompasses a wide range of size classes including DOM and particulate organic matter 

(Wetzel 2001). 

In the initial stages of food chains it is difficult to determine the energy (and 

therefore mercury) pathway into and between organisms. Perhaps the specific primary 

producer species is less important than the source of fixed carbon used to derive 

metabolic energy, since organic matter facilitates mercury transport through food chains. 

MeHg concentrations in consumers, for example, are predicted by the type of diet 

consumed (Kainz et al. 2003; Kainz and Mazumder 2005; de Wit et al. 2012). Mid-

trophic level macrozooplankton, commonly Daphnia spp., receive 47-98% of their MeHg 

from diet (Tsui and Wang 2004). Kainz and Mazumder (2005) found that MeHg 

concentrations in coastal lake zooplankton are more correlated to bacterial (R2=0.50) than 

algal (R2=0.35) consumption. Heterotrophic bacteria use DOM as an energy source 

(Moran and Hodson 1990), receiving mercury bound to the DOM in either MeHg or 

Hg(II) form and recycling both organic matter and mercury from detritus. Bacterial diet 

sources stimulate the uptake of MeHg more than algal diets of zooplankton (de Wit et al. 

2012) and perhaps it also matters what the bacteria use as a carbon source and where that 

carbon came from.  

Algae presence and growth is driven by light, temperature and nutrient 

availability. Seasonal variation in these components lead to an unstable food source for 

zooplankton, forcing zooplankton to shift their diet to bacteria and terrestrial detritus (de 

Wit et al. 2012). Bacteria can contain higher MeHg concentrations (Kainz and Mazumder 

2005) because they can recycle material within a system or from allochtonous DOM 
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inputs and are therefore critical to the cycling of nutrients, cycling of mercury, and 

interactions with other microbial components of the community. A microbial loop can 

exist whereby detrital carbon and nutrients get cycled through several microbial 

consumers before being transferred to higher trophic organisms such as 

macrozooplankton (Sherr and Sherr 1988). In oligotrophic waters, phytoplankton can be 

too small (< 5 µm) to be effectively grazed by macrozooplankton and thus enter the 

microbial loop whereby microzooplankton (> 5 µm) feed on detritivores before they 

themselves are consumed by larger zooplankton (Sherr and Sherr 1988). Plankton 

community structure is an explicit consideration for mercury transfer and propagation in 

the lower trophic levels of aquatic food chains. 

Periphyton is composed of algae, bacteria, and detritus contained within a 

gelatinous polymer that can colonize the surfaces of macrophytes, rocks, or any other 

submerged structure (Vander Zanden et al. 1997). Due to structural inhibition the exact 

ratio and taxa composition present in periphyton can be difficult to delineate (de Wit et al. 

2012). Unique microhabitats of periphyton can enable high mercury methylation rates 

more than twice that of the adjacent sediment (Hamelin et al. 2015). Periphyton can also 

be a direct food source for grazers and scrapers in the littoral zone where macrophytes are 

present (Hamelin et al. 2015). Comparatively, macrophytes themselves are generally low 

in MeHg; grazers relying on this food source will also have low MeHg concentrations 

(Mason et al. 2000; Tsui et al. 2009). The source and availability of MeHg as a dietary 

component dictates the concentrations of MeHg that can enter food chains and be 

transferred to consumers. 
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3.4.3 Bioaccumulation and biomagnification of mercury 

The inclusion and retention of mercury in food webs depends on bioaccumulation 

and biomagnification properties. When concentrations in an organism are higher than 

those in the surrounding water this is referred to as bioconcentration. The greatest 

bioconcentration of MeHg occurs in the lowest trophic levels of the food web, with 

concentrations of MeHg in phytoplankton being 1,000,000 times greater than those in 

water (Watras et al. 1998; Engstrom 2007). Bioaccumulation includes both mercury 

uptake from water and transfer between trophic levels. When the ratio of mercury 

concentration in an organism is greater than the concentration of mercury in water, the 

bioaccumulation factor, is greater than one. Bioaccumulation factors (BAFs) can be 

greater in long-lived, large-bodied organisms than shorter-lived, smaller-bodied 

organisms (Watras et al. 1998). In a controlled mesocosm experiment that identified 

mercury concentrations in three zooplankton species, a large Cladoceran species 

(Daphnia mendotae) had MeHg levels 2 - 3 times higher than the two smaller copepod 

species (Leptodiaptomus minutus and Mesocyclops edax) (Pickhardt et al. 2005). While 

this size trend is generally accepted, concentrations of MeHg vary greatly between and 

within invertebrate species depending on habitat-specific mercury loadings (Chételat and 

Amyot 2009) and different prey for the raptorial cladocerans versus filter-feeding 

copepods. Biomagnification is an increase in contaminant concentration at each trophic 

step and biomagnification factors (BMFs) are the ratio of mercury concentration in 

predator versus prey, which are documented to range between 2 and 10 in aquatic food 

webs (Watras et al. 1998). Diet sources of MeHg accounted for 47 - 98% of the MeHg in 

Daphnia spp., common macrozooplankton (Tsui and Wang 2004). Biomagnification 
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occurs in all aquatic ecosystems and is the process that causes top predators, such as fish, 

to have MeHg concentrations at levels that cause neurological effects (Watras et al. 

1998). Remote pristine environments can have high mercury levels in consumers due to 

the presence of mercury in prey species (Depew et al. 2013b) and the process of MeHg 

biomagnification (Rasmussen et al. 1990). 

A study of many mid-latitude lakes in Nova Scotia showed that pH was not a 

strong control on mercury in top predators, but rather mercury concentrations at lower 

trophic levels (zookplankton, amphipods, and dragonfly nymphs) best predicted mercury 

in fish (yellow perch), further supporting the hypothesis that variation in consumer 

species mercury levels is driven by mercury exposure in lower trophic levels (Wyn et al. 

2009). That being said, the lakes studied by Wyn et al. (2009) had similar community 

composition, so any differences in biomagnification rates would be due to varying 

ecosystem properties and consequential influences on physiology. Physiological controls 

on biomagnification rates may be influenced by physical and chemical ecosystem 

properties that contribute to mercury contamination in organisms. 

3.4.4 Trophic and habitat-specific transfer of energy and mercury 

Food chains are delineated by organism size and function. Heterotrophic 

organisms gain energy (OM source) and nutrients through diet, but they can also acquire 

nonessential elements and compounds that are not required for metabolic function that 

may be detrimental to organism health. Some organisms have mechanisms for 

detoxifying MeHg but these rates are too slow to remove all mercury from an organism 

before predation (Trudel and Rasmussen 1997). Algae and macrozooplankton can 
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demethylate 68.9 ± 4.9% and 13.5 ± 1.3% of the MeHg, respectively, over 2-weeks in a 

mesocosm experiment (Pickhardt et al. 2005). These rates are relatively slow considering 

this was a closed system experiment. Since mercury has no biological benefit to any 

organism, there are limited methods for its removal from most consumer organisms once 

in MeHg form. The proportion of total mercury that is MeHg (%MeHg) increases from 

primary producers to primary consumers to consumers with multiple food sources 

(Mason et al. 2000). In this fashion mercury piggybacks through the food chain 

accumulating at each successive step, since more energy (in the form of organic matter) is 

required for higher organism function and these higher organisms also receive more 

mercury along with energy and nutrients.  

Freshwater habitats vary in organic matter source, nutrient availability, and the 

types of biota that can be sustained in a specific area. Likewise, each habitat will also 

vary in MeHg bioavailability and food chain mercury burdens. Streams can facilitate 

mercury transfer between terrestrial and aquatic biota (Walters et al. 2008). Littoral 

habitats are similar to riverine habitats because they receive terrestrial detritus, which 

includes nutrients and mercury, but have still waters that allow for development of 

macrophytes and small metazoan community food webs. Wetlands positioned on lake 

margins provide high MeHg concentrations to littoral habitats (Kidd et al. 2011) and 

periphyton growing on macrophytes can also be a large source of MeHg (Hamelin et al. 

2015). Along with MeHg source and concentration in primary producers and consumers, 

the nutrient status of the lake will control biodilution, the balance between mercury 

uptake and organism growth (Cabana et al. 1994; Sunda and Huntsman 1998). Benthic 

habitats can have high mercury methylation potential due to low redox conditions that 
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promote sulfate reducing bacteria (Gilmour et al. 1998), but amphipod and fish mercury 

concentrations are not always related to high sediment MeHg levels if the mercury is 

from historical anthropogenic contamination (Hodson et al. 2014) or legacy mercury. 

Almost all of the mercury added to a lake surface can be quickly (<3 years) 

incorporated into food webs, which is evidence that new allochtonous inputs of mercury 

are likely more bioavailable than legacy mercury already present in the ecosystem (Harris 

et al. 2007). This result also highlights that atmospherically deposited mercury is likely 

more bioavailable. The bioavailability of mercury declines over time, possibly through 

photochemical processing of DOM which can lead to decreased methylation potential 

(Luo et al. 2016). Based on a study of 52 oligotrophic lakes in North America, pelagic 

food webs may have the most efficient uptake of MeHg of any specific habitat with non-

point source contamination (Chételat et al. 2011). Zooplankton in pelagic habitats 

consume bacteria, algae, and microzooplankton forming a microbial loop (Sherr and 

Sherr 1988), which results as a MeHg enrichment mechanism for lower trophic level 

species which then propagates through food chains to higher trophic level consumers. 

This microbial loop may actually extend the food chain length in low trophic levels 

concentrating mercury levels before invertebrate consumption. Concurrently, pelagic food 

webs incorporate MeHg enriched plankton from low redox potential environments, such 

as the hypolimnion, during diurnal cycles and fall turnover mixing of the water column 

(Harris et al. 2007). At the landscape and large scale, global syntheses of metadata have 

highlighted uncertainties on universal controls for bioaccumulation factors among 

freshwater ecosystems likely driven by site specific water chemistry characteristics like 
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pH, nutrients, and mercury concentrations available for methylation and not spatial trends 

such as latitude (Lavoie et al. 2013).  

3.5 Photodemethylation knowledge gaps and key uncertainties   

 A proposed framework for addressing mercury contamination in remote 

freshwater lakes should include methylation potential, bioavailability, and 

photodemethylation potential that focus on ubiquitous water chemistry parameters like 

pH, sulfur, and DOM (Figure 1.7) with the strength of each parameter depending on the 

specific ecosystem in question. Methylation of mercury is the primary factor that can 

promote or inhibit mercury contamination in organisms. Without methylation, 

environments that contain background levels of Hg(II) pose little risk to aquatic food web 

health. Methylation increases in acidic environments with low redox potential and high 

concentrations of sulfate however there is still some uncertainty regarding the influence 

of DOM on this predominantly bacteria mediated process. Once formed the 

bioavailability of MeHg is strongly controlled again by pH and sulfur or thiol groups but 

there is high uncertainty regarding the direct and indirect influences of DOM on this 

process.  

 Methylmercury can be removed from a lake physically by outflows and sediment 

burial although these processes do not eliminate risk of MeHg to another lake or if 

sediment disturbance occurs. Shifting the speciation of mercury away from MeHg to 

Hg(II) or Hg0 is ideal for reducing MeHg exposure to food webs. In lake water columns 

the dominant pathway for demethylation is photodemethylation. However, the strength of 

this sink is highly variable and depends on pH, reduced sulfur groups, and DOM for 
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photochemical reactiveness. Dissolved organic matter must be present in order for this 

demethylation pathway to occur; however concentrations of DOM naturally present in the 

environment quickly complicate photodemethylation predictability by limiting the 

quantity of photoreactions that can involve MeHg. The source and structure of DOM 

greatly affects the ability of DOM to absorb radiation and therefore fundamental 

relationships such as optical parameters of DOM require further examination with regard 

to MeHg photoreactions.  

Universal photodemethylation rate constants have even been proposed for specific 

wavebands because values found throughout the literature are comparable, within one 

order of magnitude of each other (Fernández-Gómez et al. 2013; Fleck et al. 2014; Poste 

et al. 2015). The caveat with the application of this idea is that the DOM between areas 

will differ in quantity and optical properties. The way in which DOM absorbs radiation 

and photoreacts can affect the efficiency of photodemethylation (Klapstein et al. 2016) 

and prediction of MeHg losses using only DOM concentration without knowing the 

photoreactivity can increase the error associated with these calculations and lead to 

underestimates of photodemethylation rate constants (Black et al. 2012). Because ice and 

snow cover water surfaces (and columns) for large portions of the year ecosystems with 

temperate and Arctic climate regimes will have dramatic shifts in photodemethylation 

potential between seasons (Poste et al. 2015). A comprehensive analysis of the 

relationship between DOM, MeHg, and solar radiation exposure is necessary to better 

predict the potential for photodemethylation to occur in natural remote freshwater 

ecosystems. The balance between MeHg formation and MeHg removal from a system 

(physical isolation or degradation) is essential for predicting when and where excess 
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MeHg will be available for biological uptake (Figure 1.7). We propose further 

investigation of the complex relationship between DOM and photodemethylation will 

help elucidate risk of mercury exposure to organisms. 
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a(Miskimmin et al. 1992; Rudd 1995; Branfireun et al. 1999; Ullrich et al. 2001; Chen et al. 2005) 
b(Compeau and Bartha 1985; Gilmour et al. 1992, 1998, Benoit et al. 1999, 2003; Branfireun et al. 1999) 
c(Miskimmin 1991; Mason and Lawrence 1999; Krabbenhoft et al. 2002; Meng et al. 2005; Mazrui et al. 2016) 
d(Watras et al. 1998; Ullrich et al. 2001) 
e(Benoit et al. 1999, 2001) 
f(Miskimmin et al. 1992; Driscoll et al. 1995; French et al. 2014; Isidorova et al. 2016) 
g(Zhang et al. 2016; Kim et al. 2017) 
h(Ni et al. 2006; Hammerschmidt and Fitzgerald 2010; Bridou et al. 2011; Qian et al. 2014; Jeremiason et al. 2015; Zhang et 
al. 2016) 
i(Krabbenhoft et al. 2002; Hammerschmidt and Fitzgerald 2006; Lehnherr and St Louis 2009; Zhang and Hsu-Kim 2010; Li et 
al. 2010; Black et al. 2012; Tai et al. 2014; Qian et al. 2014; Poste et al. 2015; Jeremiason et al. 2015; Fleck et al. 2016; 
Klapstein et al. 2016) 

 
Figure 1.7 Summary of general uncertainty (low, some, high) associated with bacterial 
methylation of methylmercury (MeHg), bioavailability of MeHg to organisms, and MeHg 
photodemethylation given three key water chemistry parameters: pH, sulfur groups (RS-), 
and dissolved organic matter (DOM). The water chemistry parameters themselves also 
covary but are not visually described here. 
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Abstract 

Methylmercury (MeHg) bioaccumulation is a growing concern in many ecosystems 

worldwide. The absorption of solar radiation by dissolved organic matter (DOM) and 

other photoreactive ligands can convert MeHg into a less toxic form of mercury through 

photodemethylation. In this study, measurement of spectral changes and photoreactivity 

of DOM were tracked in order to assess the potential for controlling photoreactions 

involving MeHg. Water samples collected from a series of lakes in southwestern Nova 

Scotia in June, August, and September were exposed to controlled ultraviolet-A (UV-A) 

radiation for up to 24 hours. Ultraviolet-A photoreactivity, defined here as the loss of 

absorbance at 350 nm following constant UV irradiation over a 24 h period, was highly 

dependent on the initial DOM concentration in lake water (r2=0.94). This trend was 

consistent over time; both DOM concentration and UV-A photoreactivity increased from 

summer into fall across lakes. Lake in situ MeHg concentration was positively correlated 

with DOM concentration and likely catchment transport in summer (r=0.77) but was not 

later in the year for the other sampling seasons. A 3-year dataset (2013, 2014, and 2015) 

from the 6 study lakes showed that DOM concentrations were significantly positively 

correlated with Fe concentrations (r=0.91) and MeHg concentrations (r=0.51). Both DOM 

and Fe followed clear seasonal patterns across years but the inter-annual variation and 

correlation overrode any quantifiable seasonal relationship with MeHg. Lakes with higher 

DOM photoreactivity tended to have higher MeHg concentrations and the correlation 

between MeHg sources (DOM-Fe inputs) are likely to overwhelm losses of MeHg via 

photodemethylation in high DOM lakes. These results highlight the seasonal complexity 

of DOM-mercury interactions and the need for further experimentation examining DOM 
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photoreactivity and MeHg availability in natural waters in the future with climate 

perturbations.   
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1. INTRODUCTION 

The amount of methylmercury (MeHg) available for uptake at the base of the food 

web is partially controlled by the balance between methylation and demethylation 

reactions (Xun et al. 1987). While a lot of research has focused on methylation processes, 

the demethylation processes are not well constrained in natural waters. MeHg can be 

demethylated both biotically and abiotically, however in water columns of freshwater 

lakes the primary pathway for demethylation has been identified as photodemethylation 

by solar radiation (Sellers et al. 1996). Photodegradation experiments have evaluated 

MeHg photodemethylation rate constants both at water body surfaces (Sellers et al. 1996; 

Lehnherr et al. 2012a) and within lake water columns (Krabbenhoft et al. 2002; Zhang 

and Hsu-Kim 2010; Lehnherr et al. 2012b) using bottle incubations at various depths. 

Rate constants of this photochemical process have been quantified for several specific 

ecosystems (ranging from 0.006 to 0.015 E-1 m2 for photon flux from 330 – 700 nm) 

(Black et al. 2012). However, less attention has been given to the photochemically active 

components themselves, such as the chromophoric portions of dissolved organic matter 

(DOM) and dissolved ions present within these ecosystems (Fleck et al. 2014; Klapstein 

et al. 2016), and how these constituents may also interact with solar radiation and 

mercury.  

When considering the fate of MeHg in freshwater lakes, it is important to address 

how MeHg may be influenced by indirect or direct reactions with dissolved entities. 

Radiation attenuation by chromophoric DOM and iron (Fe) will reduce the depth of solar 

radiation penetration as well as the spectral distribution of radiation (Scully and Lean 

1994; Poulin et al. 2014) and therefore can restrict photoreactions, including those that 
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involve MeHg to shallow water layers (Li et al. 2010). Dissolved organic matter serves 

many functions in freshwater lake ecosystems. Along with being a significant carbon 

pool, DOM is a microbial energy and nutrient source (De Lange et al. 2003), contains 

binding sites for cations such as mercury and other metals (O’Driscoll and Evans 2000; 

Ravichandran 2004), and is photoreactive, meaning some portions of DOM (including Fe 

complexes) will absorb solar radiation, particularly ultraviolet (UV) radiation and visible 

wavebands, resulting in visibly brown or dark waters (Bertilsson and Tranvik 2000; 

Osburn et al. 2009; Granéli et al. 1996). A study from 65 sites across North America has 

shown that more than 85% of the between-lake variation in UV attenuation may be 

attributed to bulk DOM concentrations alone (Morris et al. 1995). The depth of 

penetration for UV radiation has been shown to vary substantially between low carbon 

temperate lakes (35-150% of the mixed layer depth throughout a year; DOM=1.09 mg C 

L-1; 41-41°N) and higher carbon lakes (4-8% of the mixed layer depth; DOM=4.80-5.28 

mg C L-1) (Morris and Hargreaves 1997). Even though both UV-A (320-400 nm) and 

UV-B (280-320 nm) radiation have been shown to be important drivers of the 

photomineralization of DOM (Morris and Hargreaves 1997), in high DOM lakes 

(DOM=3.3 –12.3 mg C L-1) the flux of UV-A and particularly UV-B radiation in water 

columns can be quickly quenched in surface waters (Haverstock et al. 2012). UV-A 

radiation may be the main driver of MeHg photochemistry in lakes (Lehnherr and St 

Louis 2009; Kim and Zoh 2013). In waters that have a large contribution of chromophoric 

DOM, the potential for photodemethylation of MeHg may be limited in space to the top 

layer of the lake where UV-A radiation is present and limited in time when UV-A is 
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diurnally and seasonally sufficient within the water column. The impact of photoreactive 

DOM on MeHg photoreactions across seasons is not clear.  

Correlation between concentrations of total mercury, MeHg, and dissolved 

organic carbon (DOC - the portion of DOM commonly quantified) are repeatedly 

reported in the literature, however sometimes this relationship is positive and sometimes 

negative (Ravichandran 2004; Meng et al. 2005; Li et al. 2010; Kim and Zoh 2013). This 

inconsistency highlights the need for more research regarding the relationships between 

in situ lake water photochemical characteristics, such as DOM photoreactivity, in order to 

gain insight into factors governing MeHg concentrations. To begin to address this 

research gap, we quantified UV-A photoreactivity (absorption loss at 350 nm) and DOM 

loss (photomineralization to inorganic carbon) from water collected multiple times per 

year from 6 lakes in southwestern Nova Scotia and exposed to UV-A radiation (320-400 

nm) in a controlled experimental environment. We hypothesized that if there was a 

reduction of UV radiation entering lakes from summer through to fall that lead to a 

decrease of associated losses of chromophoric structures from in situ DOM, then we 

predicted that UV-A photoreactivity of lake water would increase over the sampling 

season. We also predicted that higher concentrations of photoreactive DOM would 

facilitate an increased rate of photoreactions involving DOM, and that these reactions 

could interact with MeHg in the lakes. As such, we expected that UV-A photoreactivity 

would be negatively correlated with MeHg concentration. 
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2. MATERIALS AND METHODS 

2.1 Water collection and monitoring 

Located in southwestern Nova Scotia, Canada, Kejimkujik National Park 

(44.399°N, 65.218°W) is a temperate region characterized by mixed coniferous and 

deciduous vegetation, high wetland cover, and an abundance of freshwater lakes. The 

park’s bedrock is split between the Meguma Group of the Cambro-Ordovician and South 

Mountain Batholith, both of which are known to contain mercury and are associated with 

low alkalinity bedrock and soils (Smith et al. 2005). Six lakes with DOM concentrations 

ranging from 3 to 26 mg C L-1 were sampled over a 3-day period in each of summer (late-

June; Week 25), late-summer (mid-August; Week 33), and fall (September; Week 40) in 

2013. Lakes sampled included: Big Dam East Lake (BDE), Puzzle Lake (PUZ), North 

Cranberry Lake (NC), Peskawa Lake (PES), Big Dam West Lake (BDW), and 

Pebbleloggitch Lake (PEB) (Figure 2.1). At the time of sampling diffuse integrated solar 

radiation attenuation coefficients with depth (Kd) were calculated for each lake using the 

slope of the natural log of irradiance intensity and depth (Scully and Lean 1994). We 

measured diffuse integrated irradiance intensity for UV-A at the center of each lake every 

5 cm over a minimum water column depth of 30 cm using an Ocean Optics USB-4000 

spectrometer with fiber optic cable (3900 µm diameter; 10 m length) and a cosine 

corrected watertight probe with diffuse integrator. The instrument was calibrated with a 

National Institute for Standards and Technology (NIST) compliant and traceable 

calibration light source (Ocean Optics Inc. DH-2000 UV-VIS NIR). 
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Water was collected in amber glass 1.0 L bottles with PTFE lined caps at 30 cm 

depth from the side of a canoe in the middle of each lake. Bottles were pre-cleaned with 

20% HCl and triple-rinsed with Milli-Q water before being rinsed three times with lake 

water, filled with zero headspace, and stored in a dark cooler with ice during 

transportation back to the lab for analysis. All water was vacuum filtered with 0.45 µm 

hydrophilic polyethersulfone Supor Membrane Disc Filters (Pall), recommended through 

rigorous testing for DOC leaching by Karanfil et al. (2003), and refrigerated in the dark 

for less than 48 hours before experiment initiation. We also collected and filtered water 

samples for DOM, MeHg, and Fe concentrations in each sampling season of 2014 and 

2015. 
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Figure 2.1 Map showing location of lakes sampled (dark grey) in Kejimkujik National Park, 
Nova Scotia with specific sampling locations as white circles.  
 

2.2 Chemical analyses 

All water samples from each lake and collection period were analyzed for 

concentrations of DOM, dissolved ions, and MeHg. Dissolved organic matter 

concentrations were measured as the difference between total dissolved carbon and 

dissolved inorganic carbon by acidic oxidation and thermal oxidation with non-dispersive 

infrared detection respectively using a Shimadzu TOC-V CPH/TOC-CPN Total Organic 

Carbon Analyzer with an ASI-V autosampler. Samples were blank corrected and 5 ppm 

inorganic and 5 ppm total carbon check standards were run to ensure the internal 
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instrument calibration within 5% of expected concentration range. Total Fe 

concentrations were measured on a PerkinElmer Inductively Coupled Plasma-Mass 

Spectrometer following acidification to 1% HNO3. MeHg water samples were acidified to 

1% HCl and analyzed on a Model III Brooks Rand Spectrophotometer following 

distillation using aqueous ethylation, purge and trap, and cold vapour atomic fluorescence 

spectrometry (EPA Method 1630). Six-point calibration curves were analyzed each day. 

All samples were blank corrected (Milli-Q) and samples were distillation recovery 

corrected if recoveries were outside of 100 ± 10%. Check standards (repeated 50 pg 

standards) were analyzed throughout each daily run to ensure accuracy and precision of 

the instrument and the limit of detection was calculated as 3x the standard deviation of 

repeated blanks (LOD=1.58 pg; n=9).   

2.3 Experiments to characterize photoreactive DOM 

Filtered water subsamples from each lake collection in 2013 were placed in sealed 

9.5 mL quartz vials on a rotating Luzchem carousel in a Luzchem LZC-5 photoreactor for 

up to 24 hours and exposed to 47 W m-2 of constant UV-A radiation. These irradiations 

were comparable to total cumulative UV-A exposure of less than 1 week, including 

diurnal dark periods, at the field site, at 20°C temperature. The path length for each vial 

was 1.0 cm to avoid attenuation effects within each vial. Therefore, UV-A radiation was 

not limited in these incubations by internal sample self-shading. UV-A exposure was 

determined inside the quartz vials using the Ocean Optics USB 4000 and fiber optic probe 

described above. Triplicate vials were removed from the photoreactor at 0, 4, 8, 12, 16, 

20, and 24 hours, equivalent to 0, 0.64, 1.29, 1.93, 2.57, 3.21, and 3.86 kJ cumulative 
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UV-A exposure in each vial. Triplicate dark sample controls for each lake were analyzed 

for absorbance and DOM concentration at the 24-hour mark to test for microbial 

degradation of DOM. Absorbance spectra from 200-800 nm were obtained for each 

subsample using an Ultrospec 3100pro UV/Vis spectrophotometer with a 1.0 cm quartz 

cuvette and with Milli-Q water as a reference blank. Absorption coefficients were 

calculated as the absorbance (A) at a specific wavelength (i.e. 350 nm) divided by the 

path length (0.01 m) multiplied by 2.303 ((A350 = 2.303 x (A/L)); see Kirk et al. (1994)). 

The contribution of Fe to the overall water absorptivity was calculated for each water 

sample using the method outlined in Poulin et al. (2014). Specific UV absorbance at 350 

nm (SUVA350) was calculated using the absorbance at 350 nm divided by the DOM 

concentration. Spectral slopes (S275-295 nm, S350-400 nm) were calculated using linear 

regressions of log transformed absorbance across 275-295 and 350-400 nm, respectively. 

The spectral ratio (SR) was then calculated as the S275-295 nm:S350-400 nm and the SR was used 

as an index of the relative amount of high molecular weight to low molecular weight 

chromophoric DOM (Helms et al. 2008). In this study we define UV-A photoreactivity as 

the loss of absorbance at 350 nm in our controlled incubation experiments.  

2.4 Data analyses 

 Linear regressions were used to determine whether there was a significant 

reduction in DOM concentration and absorbance between initial lake water and irradiated 

experiment lake water. Confidence intervals were calculated to determine if rates of 

DOM loss varied between lakes and across season. To test whether shifts in SR were 

significantly different between lakes and collection month, a two-way ANOVA with 
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Tukey’s Test was applied to the data. We used Pearson’s correlations to determine if 

DOM concentration or DOM photoreactivity were correlated with MeHg concentration 

and linear regression to determine whether photoreactivity varied with changing DOM 

concentration. All tests of significance were performed in R version 3.0.1 (The R 

Foundation for Statistical Computing Platform) at 95% confidence (α=0.05) unless 

otherwise stated. 

3. RESULTS AND DISCUSSION 

3.1 DOM concentration is a good predictor of its UV-A photoreactivity  

UV-A photoreactivity of DOM will inevitably affect bound MeHg through 

photoreactions and therefore the DOM must be critically studied from an optical 

perspective. We quantified lake water UV-A photoreactivity using 24-hour experiments 

by exposing filtered water samples to controlled UV-A irradiation to better hypothesize 

how DOM and MeHg react photolytically in combination. Every 4 hours triplicate 

samples were removed and analyzed for absorbance and DOM concentration. Reduction 

of absorbance over time in these types of experiments can be due to two linked and 

sometimes inseparable processes, photomineralization (conversion of organic carbon to 

inorganic carbon) and photobleaching (loss of chromophoric absorbing bonds). Loss of 

DOM after 24 hours of UV-A radiation was significant across lakes and months (all 

p<0.05; Figure A1.1A) except in two circumstances, PUZ lake in June, and BDE lake in 

September (these lakes consistently had lower carbon concentrations; see Figure 2.2A). 

On average lakes lost 16 ± 7.3% of the initial DOM concentration and rates of 

photomineralization normalized by initial DOM concentrations were greater in August 
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than June for PES and BDW lakes (Figure A1.1A). Lower carbon lakes will have 

attenuated less radiation in situ and therefore more radiation gets transmitted through 

these water columns compared to higher carbon lakes. Therefore, the lack of detectable 

DOM concentration loss in these lakes (June PUZ and September BDE) are a result of 

lowered UV-A photoreactivity possibly because of photochemical processing of DOM in 

lower carbon lakes, prior to sampling. Our sampling depth of 30 cm in the water column 

still had UV-A present for the two lowest carbon lakes (BDE and PUZ; Figure A1.2). 

This prior exposure and the possibility that the 24-hour period and UV-A intensity used in 

the experiment were too short or low may have reduced DOM photomineralization in 

these lake waters.  
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Figure 2.2 (A) Dissolved organic matter (DOM) concentration, (B) iron (Fe) concentrations, 
and (C) methylmercury (MeHg) concentration from June, August, and September in 
Kejimkujik National Park. Lakes arranged by increasing average DOM concentration. 
DOM values are expressed as means ± 1 standard deviation (n=3). 
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initial DOM concentrations in lab incubations of boreal stream waters (Franke et al. 

2012). The California study used bottles containing water from different wetland types 

floated in a pond to include natural diurnal radiation exposure intensities and noted 

possible shading effects due to sample path lengths (Fleck et al. 2014). In contrast, our 

study applied a constant UV-A radiation source and a short path length of 1 cm to reduce 

possible within-sample attenuation and shading. Our irradiation experiments more closely 

resembled methods used for the boreal stream water lab incubation, although Franke et al. 

(2012) focused on a combination of visible and UV radiation (300-800 nm). All studies 

were equivalent to several days of natural radiation exposure but used different 

wavelength and intensity exposures and this distinction may explain the small yet 

significant variation in DOM loss across similar study types.  

 Dissolved organic matter can be defined on the basis of molecular weight and 

origin. In irradiation experiments it is important to consider the fractions of DOM and the 

chemical structures that are photodegraded. High molecular weight (HMW) DOM can 

attenuate more UV due to the presence of more aromatic carbon structures and may 

therefore be preferentially photo-oxidized, compared to lower molecular weight (LMW) 

DOM (Helms et al. 2008). Much of the DOM in Kejimkujik is thought to be allochtonous 

due to terrestrial inputs and low productivity within these dystrophic lakes. The difference 

in UV-A attenuation between lakes in Kejimkujik noted by Haverstock et al. (2012) could 

be due to differences in chemical structure or quantity of DOM between lakes. 

Interestingly, when Haverstock et al. (2012) used a depth-integrated model to predict 

annual DIC production through photomineralization across lakes of various DOM 

concentration (4 of the lakes used in this study), similar total amounts of DIC were 
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predicted to be produced by UV-A. This finding suggests that the structure of the DOM 

between samples lakes may not vary greatly and was not a significant factor in the total 

photomineralization of DOM. Lakes that contained higher concentrations of DOM 

attenuated more radiation and therefore the predicted DIC produced across lakes was 

similar. Radiation availability plays a major role in regulating potential photochemical 

reactions in these lakes, and DOM concentration itself will regulate radiation availability.  

 Variability in UV-A photoreactivity between our study lakes appears to be largely 

related to DOM concentration. We use the measure of UV-A photoreactivity as a way to 

quantitatively compare DOM as a competitive sink for photons used in UV-A mediated 

photoreactions within lake waters. Absorbance coefficients for high carbon lakes were up 

to one order of magnitude greater than absorbance coefficients for low carbon lakes 

throughout the entire incubation (Figure A1.3). Regardless of between lake variations in 

absorbance values, UV-A photoreactivity across all samples for our 6 study lakes in all 3 

sampling periods had a highly significant positive linear relationship with DOM 

concentration (r2=0.94; Figure 2.3A). Higher carbon lakes also exhibited larger variation 

in UV-A photoreactivity than lower carbon lakes (shown in Figure 2.3A). The SUVA350 

values were different among lakes (Figure 2.4B) and suggested that the higher DOM 

lakes were more photoreactive and had greater photobleaching and photomineralization 

than the lower DOM lakes. Initial absorption values at 350 nm and UV-A photoreactivity 

values that were normalized by DOM concentration still showed variation among lakes 

(Figure A1.1B & A1.1A). Lakes with higher DOM had greater UV-A photoreactivity and 

the DOM concentration loss increased with DOM concentration (Figure 2.3B).  
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Figure 2.3 (A) UV-A photoreactivity of lake water  (quantified as the loss of absorptivity at 
350 nm) and (B) significant (p<0.1) detectable dissolved organic matter (DOM) losses versus 
the initial DOM concentration for all six lakes in triplicate over all months (UV-A 
photoreactivity  = -0.04[DOM] + 0.14, r2=0.94, p<0.001; DOM loss = -0.005[DOM] -0.008, 
r2=0.31, p=0.003). Open circles represent June) blue triangles August, and black squares 
September. Note the inverted y-axis showing negative slope values for photoreactivity; more 
negative y-values indicate higher photoreactivity. Error bars are the standard error on 
photoreactivity slopes for each experimental triplicate over the 3 sampling periods and 6 
lakes. 
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Changes in spectral slopes and subsequently spectral slope ratios (SR) reflect 

changes in the composition of DOM following UV-A exposure. Spectral slopes (S275-295nm 

and S350-400nm) for Kejimkujik lakes ranged from 0.011 to 0.017 nm-1 for λ275-295 and 0.015 

to 0.020 nm-1 for λ350-400 similar to sites reported in temperate streams and freshwater 

bodies (Helms et al. 2008) but higher than those reported in boreal streams (Franke et al. 

2012). Spectral slope ratios ranged from 0.63 to 0.85, similar to the boreal streams and 

bogs sampled by Franke et al. (2012). All spectral slopes and slope ratios increased 

significantly (p<0.05) during irradiation experiments suggesting a decrease in the relative 

abundance of HMW DOM to LMW chromophoric DOM with UV-A exposure (Helms et 

al. 2008) (Figure A1.4). This trend is widely supported in the literature across many 

freshwater ecotypes (Helms et al. 2008; Franke et al. 2012; Fleck et al. 2014). Our data 

suggest that lakes and collection times that had higher DOM concentrations will have 

greater potential to participate in DOM photoreactions during irradiation experiments and 

there was no significant difference in spectral slope shifts between lake samples (all 

p>0.185). This finding establishes that the chromophoric DOM composition was similar 

across lakes and months. Furthermore, lake water of varying UV-A photoreactivity 

behaved similar in terms of the DOM components vulnerable to UV-A photoreactions. 

Our research shows DOM concentration is a useful predictor of UV-A photoreactivity of 

DOM in the 6 lakes studied. 

3.2 Seasonal patterns and observations of DOM, Fe, MeHg in Kejimkujik lakes 

 Seasonal variation in DOM and Fe along with solar radiation can be used to 

uncover possible mechanisms controlling MeHg levels in natural waters. Many 
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photochemistry studies and experiments in natural lakes focus on one time point or a 

short sampling period with few studies using repeated sampling strategies, particularly 

sampling campaigns over multiple seasons. Our study lakes were chosen based on 

previous research to cover a wide gradient of DOM, Fe, and MeHg concentrations 

representative of the National Park (O’Driscoll et al. 2005) and southwestern Nova Scotia 

in general. Dissolved organic matter concentrations typically increased in the lakes over 

the 2014 sampling season (Figure 2.2A). All 6 lakes were significantly different in DOM 

concentration (p<0.05) except for the two lakes with the lowest DOM concentrations: 

BDE and PUZ lakes (p=0.99). Lake DOM concentrations were not significantly different 

in June and August (p=0.95). Mean DOM concentrations across all lakes in June and 

August were significantly lower than in September (p<0.05) supporting an overall 

increase in DOM throughout the region in fall compared to the summer months. Increased 

wetland and landscape export of DOM through leaf litter and plant senescence without 

dilution from heavy precipitation or concentration through evaporative water flux could 

be factors in the increased DOM concentrations observed. Historical long-term stream 

and river data from Kejimkujik National Park shows that May-November are low-flow 

periods (Kerekes and Freedman 1989) and that DOM concentrations are positively linked 

to lake flushing rates (times per year the entire lake volume will be replaced) (Hirtle and 

Rencz 2003). The spatial and temporal hydrology of lake systems will control both the 

water entering the lake (dilution factor) and pulses of DOM and mercury species 

(concentration factor). Apart from PEB lake, DOM concentrations in our study lakes were 

positively correlated with catchment area (r=0.80, p=0.10) and flushing rate per year 

(r=0.87, p=0.05) further supporting the link between DOM in these lakes with the 
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physical hydrology of the region (Table A1.1). In-lake attenuation coefficients (Kd) 

varied across lakes and months from 0.05 to 2.17 cm-1 (Figure 2.4A) and are comparable 

to previous attenuation measurements in these lakes (Haverstock et al. 2012). In all lakes, 

except BDE and PUZ, which were lakes with the lowest DOM concentrations in our 

study set, Kd varied with season and positively corresponded with an increase in DOM 

concentration within the lakes supporting the importance of DOM to seasonal attenuation 

of radiation in the water columns of these lakes. 

 

Figure 2.4 (A) UV-A attenuation coefficients (Kd) and (B) specific ultraviolet absorbance at 
350 nm (SUVA350) in June, August, and September in Kejimkujik National Park. Lakes are 
arranged by increasing average dissolved organic matter (DOM) concentration. Values are 
expressed as means ± standard deviation (n=3). 
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Increased DOM concentrations across the 2013 season also corresponded with 

increased Fe concentrations ranging from 20 to 453 µg L-1 (Figure 2.2B). Dissolved Fe in 

the Fe(III) form, is known to absorb UV appreciably (Zepp et al. 1992) and total Fe was 

positively correlated with DOM concentration (r=0.81, p<0.01) in the lakes and 

accounted for 0.6 – 13.5% of the absorbance at 350 nm using the Fe extinction coefficient 

(method outlined in Poulin et al. (2014); Figure A1.5). All lakes except for PUZ and NC 

lakes exhibited little (<2%) effect of Fe on A350nm based on this Fe extinction coefficient. 

These two lakes both had relatively low DOM concentrations and were paired in 

sampling location (Figure 2.2A & Figure 2.1) suggesting a small spatial effect of Fe or 

DOM. Iron could play a greater role in water photoreactions at PUZ and NC than the 

other lakes, although the effect is still quite minor (<15% of A350 could be attributed to 

Fe) and overall is likely not a strong predictor of absorbance or photoreactions in the 

study lakes. Additionally, natural organic matter can inhibit the effect of Fe on 

photoreactions involving MeHg (Zhang et al. 2016), an effect that is amplified in high 

DOM waters. 

MeHg concentrations ranged from lowest in BDE lake (lowest carbon) in 

September (0.05 ng L-1) to highest in PEB lake (highest carbon) in June (1.54 ng L-1; 

Figure 2.2C). There was no consistent temporal pattern in our MeHg concentrations 

across sampling periods, however, a previous study that included brooks, creeks, and 

lakes in Kejimkujik showed that total mercury and MeHg concentrations were positively 

correlated with DOM concentration in pooled data from August (summer) and April 

(spring) (Meng et al. 2005). We also looked at three years of monitoring of DOM, Fe, and 

MeHg in summer (late-June), late-summer (mid-August), and fall (late-September/early-
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October) from all 6 lakes. Overall there was an excellent pooled correlation between 

DOM and Fe (r=0.90, p<0.01; Figure 2.5A). DOM concentrations were also well 

correlated with MeHg concentrations (r=0.51, p<0.01; Figure 2.5B) with greater scatter 

occurring in the higher DOM lakes (BDW and PEB lakes in particular). 
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Figure 2.5 Correlation between dissolved organic matter (DOM) and (A) iron (Fe) 
concentrations (r=0.91, p<0.01), and (B) methylmercury (MeHg) concentrations (r=0.51, 
p<0.01) in summer, late-summer, and fall from 2013, 2014, and 2015. 
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This inconsistency supports the idea that the timing of water sampling is critical 

when drawing conclusions about the relationship between DOM and MeHg 

concentrations in lakes. The correlation between DOM and MeHg concentration was high 

in summer (r=0.77, n=18, p=0.12) and was not observed in late-summer (r=0.09, n=18, 

p=0.78), and fall (r=-0.09, n=18, p=0.94). The lack of correlation between DOM 

concentration and MeHg later in the year suggests that DOM may have the greatest effect 

on MeHg concentration in early summer through transport processes. However, as the 

season transitions into late-summer and fall, DOM has less direct influence on MeHg 

concentrations likely due to reduced transport and greater importance of biological and 

photo-induced processes within the lakes. In addition, increased DOM and Fe 

concentrations later in the summer season may shield more of the water column limiting 

in situ photochemical processing. Methylmercury concentrations may have also been 

influenced seasonally by some other factor not studied in this study (such as biological 

uptake, mixing through upwelling, or in lake photochemical processing). These data 

highlight the importance of seasonal monitoring as well as mechanistic studies for 

capturing ecosystem variations in MeHg and DOM photochemistry.  

3.3 Relating DOM photoreactivity to MeHg availability 

Concentrations of DOM and MeHg both varied substantially with season and 

across lakes (MeHg range: 0.05 – 1.54 ng L-1; DOM range: 3.9 – 24.9 mg C L-1) but some 

trends were visible in the data: DOM tended to increase and MeHg tended to decrease 

within individual lakes from summer to fall (Figure 2.2A; Figure 2.2C). Concentrations 

of DOM and MeHg were correlated in June but MeHg concentrations were not 
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significantly correlated with UV-A photoreactivity as determined in irradiation 

experiments in any of the sampling months (June: r=-0.36, p=0.46, August: r=-0.25, 

p=0.64, September: r=0.04, p=0.94). This observation suggests that bioaccumulation 

studies examining the lower trophic levels must account for these seasonal shifts and the 

timing of MeHg entry to the base of food webs. Compelling evidence from an 11-lake 

study in Kejimkujik suggested that DOM may be linked to biomagnification of MeHg, 

with lower carbon lakes exhibiting higher ranges of biomagnification (Clayden et al. 

2013). Another study from 26 Arctic lakes showed that low DOM concentrations (<8.5 

mg C L-1) promoted mercury bioaccumulation in aquatic invertebrates and that high 

DOM concentrations inhibited mercury bioaccumulation (French et al. 2014). These 

results must be considered within the context of the significant seasonal shifts in DOM 

and dissolved MeHg concentrations observed in this study. Seasonal variations in DOM 

photoreactivity and effects on MeHg photodemethylation are difficult to assess in situ 

because of the dynamic nature of the aquatic environment. 

The effect of DOM photoreactivity on in situ MeHg concentrations and 

availability in freshwaters is still not well characterized. The uncertainty in this research 

area is due to the difficulty in separating DOM photoreactions that are intra-molecular 

(MeHg bound directly to DOM subjected to photoreactions) versus inter-molecular 

(MeHg not bound directly to DOM subjected to photoreactions). High carbon 

freshwaters, like those lakes used in our study, can efficiently attenuate UV radiation and 

may theoretically inhibit or facilitate MeHg photodemethylation by acting as a 

photoreactive species within the water column (Sellers et al. 1996; Li et al. 2010). The 

influence of DOM concentrations on MeHg photodemethylation rate constants has been 
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documented as negligible or inhibitory. In Californian wetlands MeHg 

photodemethylation rate constants were only significantly related to cumulative solar 

radiation exposure and not to naturally different DOM concentrations at different 

sampling sites, which varied from 8 – 34 mg C L-1 (Fleck et al. 2014). Cumulative solar 

radiation will decrease rapidly across a given path length at higher DOM concentrations 

and this attenuation of UV-A can be used to predict rates of MeHg photodemethylation. 

However, a predicted decrease of 34% due to an increase in DOM concentration by 1.5 to 

11.2 mg C L-1 only resulted in a 6% decrease in MeHg photodemethylation rate constants 

(Black et al. 2012). This suggested that the influence of DOM on MeHg 

photodemethylation is not solely inhibitory and dependent on just radiation availability. 

In our experimental treatments by removing the limitation of radiation extinction via 

attenuation by using quartz vials with a short path length (1.0 cm) we were able to show 

that DOM concentrations directly controlled the DOM photoreactivity (Figure 2.3A; 

r2=0.94). This finding is key if MeHg photodemethylation is intramolecular and requires 

energy transfer from bound organic ligands (Tai et al. 2014; Qian et al. 2014); DOM must 

be present in order for this process to occur but photoreactive DOM may also attenuate 

the majority of photoreactive energy and thereby inhibit photodemethylation (Figure 2.6).  
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Figure 2.6 Increased irradiation duration will decrease dissolved organic matter (DOM) 
photoreactivity through DOM photomineralization and the production of carbon dioxide 
(CO2) as well as DOM photobleaching, leading to less photoreactive DOM. Highly 
photoreactive DOM will absorb a lot of solar radiation and DOM phototransformations will 
dominate the photoreactions. Less photoreactive DOM will absorb less radiation and 
therefore methylmercury (HgCH3) associated with sulfur groups may photodemethylate 
through internal charge transfer (e-). When DOM is no longer present, photodemethylation 
will not occur. The sizes of the arrows indicate the relative strength of each action with 
absorbed radiation in orange arrows and resultant photoreactions in blue. 
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our study area. Irradiation exposure caused significant loss of absorbance at 350 nm and 

losses of DOM concentration through photomineralization in the majority of the 

experiment treatments resulting in significant declines in DOM concentration across 

sampling seasons. Given the strong correlation between DOM concentration and UV-A 

photoreactivity, high carbon systems may be characterized by increased photoreactions 

with DOM and not MeHg whereas less photoreactive DOM in lower carbon lakes will 

likely facilitate MeHg photodemethylation (Figure 2.6). Periods of time with high 

photoreactivity (such as fall) may also experience this paradigm of increased DOM 

photoreactions but limited MeHg photoreactions. We saw some correlation between 

DOM concentration and in situ MeHg concentration in the June sampling period 

however, this study found no consistent relationship between UV-A photoreactivity of 

DOM and MeHg concentration over the 2013 sampling season and therefore this 

hypothesis requires further controlled experimentation. The inclusion of 3 years of 

sampling in summer, late-summer, and fall showed a positive relationship between DOM 

and MeHg, suggesting that higher MeHg concentrations tend to be present in lakes with 

greater DOM photoreactivity. Our results also highlight a wide variation in DOM and 

MeHg concentrations within individual lakes across season, which may significantly 

affect the timing of mercury entry at the base of the food web. Further work, including 

controlled lab and field studies, should identify if and how photoreactive DOM in lake 

water directly influences the photodemethylation rate constant of MeHg and its 

importance in temporal dynamics.  
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Abstract 

The present study examined potential effects of seasonal variations in photoreactive 

dissolved organic matter (DOM) on methylmercury (MeHg) photodemethylation rate 

constants in freshwaters. A series of controlled experiments were carried out using natural 

and photochemically preconditioned DOM in water collected from one lake (Big Dam 

West) in June, August, and October. Natural DOM concentrations doubled between June 

and August (10.2 – 21.2 mg C L-1) and then remained stable into October (19.4 mg C L-

1). Correspondingly, MeHg concentrations peaked in August (0.42 ng L-1) along with 

absorbances at 350 nm (A350) and 254 nm (SUVA254). Up to 70% of the MeHg was 

photodemethylated in the short 48-hour irradiation experiments with June having 

significantly higher rates than the other sampling months (p<0.001). Photodemethylation 

rate constants were not affected by photoreactive DOM nor were they affected by initial 

MeHg concentrations (p>0.10). However, MeHg photodemethylation efficiencies 

(quantified in mole MeHg lost/mole photon absorbed) were higher in treatments with less 

photoreactive DOM. Congruently, MeHg photodemethylation efficiencies also decreased 

over summer by up to 10× across treatments in association with increased photoreactive 

DOM, and were negatively correlated with DOM concentration. These results suggest 

that an important driver of MeHg photodemethylation is the interplay between MeHg and 

DOM with greater potential for photodemethylation in freshwaters with more 

photobleached DOM and lower DOM content. 



 86 

1. INTRODUCTION 

Methylmercury (MeHg) is the form of mercury that poses the greatest risk to 

organism health through its neurotoxic effects (Mergler et al. 2007) and its ability to 

bioaccumulate and biomagnify through food webs (Morel et al. 1998; Walters et al. 

2016). As a result, higher trophic level organisms accumulate and retain primarily the 

MeHg form of mercury (Bloom 1992). Variation in available MeHg in the water column 

is an important factor controlling food web bioaccumulation. Dissolved MeHg 

concentrations in freshwater lakes are governed by a number of production and loss 

processes, including both abiotic and biotic methylation, uptake to the food web, 

complexation and flocculation with organic matter particles, and photodemethylation. 

Photodemethylation varies in importance to MeHg budgets but can account for up to 80% 

of the MeHg loss in oligotrophic water columns (Sellers et al. 2001; Hammerschmidt and 

Fitzgerald 2006, 2010; Lehnherr and St Louis 2009). Rates of photodemethylation are 

consistently dependent on availability of incoming solar radiation and absorbance in 

water columns (Sellers et al. 1996, 2001; Lehnherr and St Louis 2009; Li et al. 2010; 

Black et al. 2012), and therefore environmental variables that affect solar radiation 

availability can also influence the mechanisms underlying this photoreaction and still 

require further research. In particular, the role of dissolved organic matter (DOM), a 

major factor regulating water column radiation availability (Scully and Lean 1994; 

Haverstock et al. 2012), in MeHg photodemethylation reactions is important to consider 

(Black et al. 2012; Fleck et al. 2014; Tai et al. 2014; Poste et al. 2015; Jeremiason et al. 

2015). 

 



 87 

 

 Figure 3.1 Conceptual diagram showing three possible outcomes between photoreactive 
dissolved organic matter (DOM) absorbing solar radiation and methylmercury 
(CH3Hg(I)) in freshwater lakes: 1) no reaction: DOM undergoes photoreactions (i.e. 
photobleaching) but not with MeHg, 2) intermolecular reaction: photodemethylation 
occurs when DOM releases photochemically produced reactive intermediates (PPRIs) 
which photodemethylate CH3Hg(I), or 3) intramolecular reaction: photodemethylation 
occurs via an internal charge transfer within a DOM complex containing CH3Hg(I) 
(CH3Hg-DOM). Reactions 2 and 3 produce divalent mercury (Hg(II)). 

 
 

Two hypotheses to explain the role of DOM in MeHg photodemethylation 

reactions have been proposed in the current literature: (1) DOM can act as a 

photosensitizer through the attenuation of solar radiation and subsequent production of 

radicals such as singlet oxygen (1O2), triplet excited state DOM (3DOM*), hydrated 

electrons (e-
aq), and hydroxyl radicals (�OH) (Zepp et al. 1985; Chen et al. 2003; 

Fernández-Gómez et al. 2013) that are involved in secondary oxidation and reduction 
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reactions with dissolved MeHg through intermolecular photoreactions (Zhang and Hsu-

Kim 2010; Hammerschmidt and Fitzgerald 2010); and (2) DOM can bind cations such as 

mercury species and directly transfer electrons through intramolecular photoreactions 

(Tai et al. 2014; Jeremiason et al. 2015) (Figure 3.1 Pathways 2 & 3, respectively). While 

the relative role of these mechanisms is unclear, recent work using complexation agents 

and scavenger addition experiments suggest that the dominant photochemical mechanism 

is intramolecular charge transfer within MeHg-DOM complexes (Tai et al. 2014). Thiol 

and aromatic groups within the DOM may have synergistic effects on the overall 

mechanism for photodemethylation of MeHg (Qian et al. 2014). Thiol groups within 

DOM are important binding sites for MeHg (Qian et al. 2002), but the MeHg-S bond does 

not tend to absorb radiation (Jeremiason et al. 2015). Charge or energy transfer from 

chromophoric, or photoreactive, structures within the DOM such as aromatic organic 

ligands (Qian et al. 2014) are more likely responsible for instigating MeHg 

photodemethylation (Jeremiason et al. 2015). However, experiments that used 

combinations of DOM isolates found that DOM isolates with greater aromaticity 

(SUVA254) are less effective than DOM isolates with a lower SUVA254 at promoting the 

photodegradation of MeHg (Qian et al. 2014). This fact, however, could be an artifact of 

the experiment given that the reactant solutions were prepared using specific DOM 

isolates and are not representative of naturally occurring DOM. Nevertheless, specific 

optical characteristics of DOM are important to consider with regard to 

photodemethylation mechanisms and rate determination because MeHg may more 

favourly bind, or be found, with thiol containing portions of DOM but the aromatic 

portions of DOM are what will facilitate photon absorption and therefore 
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photodemethylation. The role of DOM in facilitating photodemethylation is likely to be 

dependent on the photoreactivity of the DOM.  

The addition of DOM isolates to simulated freshwaters has been shown to 

facilitate photodemethylation by increasing the rate at which MeHg is photochemically 

destroyed through radicals or photochemically produced reactive intermediates (PPRIs) 

(Jeremiason et al. 2015). Dissolved organic matter concentration is a fairly reliable 

predictor of MeHg concentration in high carbon lake systems because both are linked to 

catchment characteristics (Meng et al. 2005; Fleck et al. 2014; Jeremiason et al. 2016) 

and although a link between photochemically active DOM and the photodegradation of 

MeHg intuitively should exist, one dominant pathway has not yet been validated (Black et 

al. 2012; Fleck et al. 2014; Tai et al. 2014). Optical tools such as UV-vis absorbance 

spectroscopy have been used for characterizing DOM optical properties to elucidate 

which portions of the DOM are vulnerable to photolytic degradation and subsequently 

which portions of the DOM change concurrently with changes in MeHg concentration via 

photodegradation (Black et al. 2012; Fleck et al. 2014). Absorbance techniques are 

beneficial because they are non-destructive, quick, and require minimal manipulation of 

the sample. Overall, a loss in DOM absorbance has been shown to occur following 

prolonged solar radiation exposure and spectral analysis shows the losses are particularly 

linked to photochemically labile chromophoric DOM portions (e.g. 330-450 nm) of the 

DOM (Fleck et al. 2014). As such, DOM concentration (often measured as dissolved 

organic carbon) alone is unlikely to be the best predictor of mercury photochemical 

activity due to the complex nature of DOM structure and variables affecting DOM 

sources to freshwaters. 
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DOM source will influence the types of photoreactions that take place in 

freshwater ecosystems. Terrestrially sourced DOM tends to be more aromatic than 

aquatic-sourced DOM and absorbs radiation more strongly at shorter wavelengths 

(Twardowski et al. 2004). When the DOM within freshwaters is pre-dominantly from the 

terrestrial environment these DOM compounds will readily absorb UV radiation resulting 

in potential for primary and secondary photoreactions (Scully et al. 1995; Morris and 

Hargreaves 1997). DOM can be photochemically active through absorption of solar 

radiation, specifically ultraviolet (UV) wavebands, which can result in photobleaching, 

direct photolysis of carbon bonds, or radical formation. Direct photolysis by UV-B (280-

320 nm) can cause photomineralization of DOM (Haverstock et al. 2012) and 

theoretically photodemethylation of MeHg (Tossell 1998), however, UV-B wavebands, 

that have not been filtered by atmospheric absorption and reach Earth’s surface, are 

quickly absorbed in the first few centimeters of many freshwater lakes (Haverstock et al. 

2012). Absorption of UV-A (320-400 nm) by DOM generates chemically reactive species 

that can indirectly affect MeHg through secondary reactions. Laboratory studies have 

shown that DOM acts as a mediator for photochemical degradation of MeHg (Tai et al. 

2014; Qian et al. 2014; Jeremiason et al. 2015), however, the mechanism and explicit role 

of DOM to photodemethylation is still unclear. While previous studies have found that 

DOM presence influences mercury photoreaction rates in laboratory studies, there is little 

research examining naturally occurring photoreactive DOM and its role in 

photodemethylation pathways.  

The principal objective of the present study was to determine if variability in 

photoreactive DOM (A350) from the same source could affect photodemethylation 
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reaction rates. We hypothesized that the rate of MeHg photodemethylation would be 

positively related to photoreactive DOM due to an intramolecular photodemethylation 

reaction involving charge transfer within DOM to DOM-bound MeHg. We tested this 

hypothesis using water from one lake sampled over a summer-to-fall seasonal transition 

and used pre-irradiation exposure of the water and MeHg additions to attain 3 water 

quality treatments (combinations of photoreactive DOM and MeHg concentrations) 

within each set of experiments in June, August, and October. This experimental design 

allowed us to test both the influence of the photoreactive DOM on MeHg 

photodemethylation efficiency, as well as seasonal variations in photoreactive DOM and 

MeHg.   

2. METHODS 

2.1 Sampling site description 

Kejimkujik National Park is located in southwestern Nova Scotia, Canada 

(44.399°N, 65.218°W); a region characterized by low alkalinity and low pH soils. There 

is a high percentage of wetlands in lake catchments (up to 15%) and as such lakes in this 

region can range in DOM concentration from very low (1-2 mg C L-1) in groundwater fed 

systems to very high (>30 mg C L-1) in surface water fed systems (O’Driscoll et al. 2005). 

Kejimkujik has long been identified as a biological hot spot for mercury contamination 

and mercury concentrations in fish are still increasing (Evers et al. 2007; Wyn et al. 

2010). Big Dam West lake, studied in Chapter 2, was chosen due to previously published 

information on both DOM and MeHg concentrations as well as recorded seasonal 

variability in these concentrations (Meng et al. 2005; O’Driscoll et al. 2005). 
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2.2 Water sampling and filtration 

Bulk surface water samples were collected at 30 cm depth in the center of the lake 

from a plastic canoe using pre-cleaned (triple-rinsed with both deionized water and then 

lake water) 26 L HDPE containers and transported in the dark to the CARE lab at Acadia 

University (http://care.acadiau.ca/) for experiments and analyses. Lake water was vacuum 

filtered into a glass flask using 0.45 µm hydrophilic polyethersulfone Supor Membrane 

Disc Filters (Pall) within 24 hours of sampling and refrigerated in the dark at 4oC. Each 

set of experiments was initiated immediately following filtering in June, August, and 

October. 

2.3 Irradiation experimental design 

For each experimental treatment 200 mL of water was poured into twelve triple-

rinsed acid-washed (20% HCl) 200 mL quartz beakers (5 cm diameter) and acclimated to 

room temperature for one hour. There were triplicates for each time point (0, 1, and 2 

days) as well as the dark control. Three experimental treatments were performed in each 

sampling month with varied proportions of photoreactive DOM, DOM concentration, and 

MeHg concentration. In the present study we refer to photoreactive DOM as the portion 

of the lake water DOM that absorbs radiation, and specifically UV-A radiation, using 

absorbance at 350 nm (A350) as a proxy. The chemical conditions for each of the 3 

treatments were as follows: Treatment 1. 100% photoreactive DOM: the original amount 

of photoreactive DOM of the lake water sampled plus a 1 ng L-1 addition of MeHg (as 

MeHg(II)OH Strem Chemicals, Inc.), Treatment 2. <30% photoreactive DOM: <30% 

remaining of the original amount of photoreactive DOM plus a 1 ng L-1 MeHg addition, 
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and Treatment 3. 100% photoreactive DOM no MeHg spike: the original amount of 

photoreactive DOM of the lake water sampled but with no MeHg addition (Table 3.1). 

We chose to spike 2 out of 3 treatments to ensure MeHg concentrations would be 

detectable in the pre-irradiated treatment (2) and to compare whether the spike would 

have an effect on photodemethylation rates (Treatment 1 vs Treatment 3). All spiked 

samples were left in the dark covered by parafilm at room temperature for 1 hour before 

spiking and 24 hours following MeHg additions to allow for equilibrium between the 

MeHg and DOM complexes (Hintelmann et al. 1995). Treatment 3 was also kept in the 

dark at room temperature for 24 hours prior to irradiation. 

In the lowered photoreactive DOM experiment (Treatment 2), lake water samples 

were photochemically preconditioned using irradiation exposure in 200 mL quartz 

beakers in a LuzChem ORG photoreactor for up to 2 weeks at 47 W m-2 UV-A (see 

Figure A2.1A for solar spectrum graph) until the absorbance at 350 nm was <30% of 

initial photoreactive DOM absorbance. During each experiment of 12 beakers, 3 beakers 

were analyzed immediately following the 24 hour post-spike acclimation period, 6 

beakers were placed in the photoreactor at 47 W m-2 with 3 beakers removed at 24 hours 

(the equivalent of up to 1 week of in-situ summer field solar radiation exposure), 3 

beakers removed at 48 hours (the equivalent of up to 2 weeks of in-situ summer field 

solar radiation exposure), and 3 beakers were kept in the dark at room temperature for the 

duration of the 48 hour experiment as dark controls. Constant radiation was received by 

each beaker over the exposure time period and due to the short pathlength of each beaker 

(5 cm) these experiments mimicked surface processes within lakes where solar radiation 

is not limited. The sum of cumulative UV-A radiation received by each sample at each 
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beaker location was measured using an Ocean Optics USB 4000 Spectroradiometer with 

fiber optic probe (see Figure A2.1B for experimental setup in the photoreactor). 

Cumulative UV-A amounts were corrected for the 11.8% attenuation of UV-A by the 

quartz beaker walls. Post-irradiation aliquots from each beaker were analyzed for UV-vis 

absorbance, then preserved using 1% HCl for MeHg analysis and 0.5% BrCl for total 

mercury analysis, and remaining unpreserved samples refrigerated for a maximum of 48 

hours for DOC analysis.
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Table 3.1 Initial experimental water characteristics for each treatment (combinations of photoreactive dissolved organic matter 

(DOM) and methylmercury (MeHg) speikes) (t=0) including DOM concentration, absorbance at 350 nm (A350), specific ultraviolet 
absorbance (SUVA254), ultraviolet spectral slope ratio (UV SR: S275-290/S350-400), MeHg concentration, and corresponding 

photodemethylation rate constants (kPD for kJ-1 and kPD* for UV-A E-1). Concentrations are expressed as means ± 1 standard 
deviation and rate constants are expressed with standard error associated with the rate.

 
Month 
 
 

Treatment 
 
 

 
DOM 

 
(mg C L-1) 

 

A350 
 

(AU cm-1) 
 

SUVA254 

 
(m-1 mgC L-1) 

 

UV 
SR 

 
 

MeHg 
 

(ng L-1) 
 

kPD 

 
(kJ-1) 

 

kPD
*

 

 
(x 10-6 E-1) 

 
 
June (1) 100% DOMp + 1ng L-1 MeHg spike 10.3 ± 0.0 0.113 3.89 0.93 1.57 ± 0.08 0.125 ± 0.009 6.07 ± 0.45 

 

 
(2) <30% DOMp + 1ng L-1 MeHg spike 3.8 ± 0.2 0.017 1.38 1.25 0.87 ± 0.07 0.098 ± 0.015 4.76 ± 0.72 

 

 
(3) 100% DOMp  10.2 ± 0.1 0.117 3.87 0.91 0.29 ± 0.02 0.103 ± 0.016 5.02 ± 0.76 

 
August (1) 100% DOMp + 1ng L-1 MeHg spike 21.0 ± 0.1 0.251 4.05 0.94 1.54 ± 0.05 0.070 ± 0.005 3.42 ± 0.27 

 

 
(2) <30% DOMp + 1ng L-1 MeHg spike 7.2 ± 1.3 0.067 2.05 1.06 0.89 ± 0.03 0.064 ± 0.039 5.42 ± 1.88 

 

 
(3) 100% DOMp  21.2 ± 0.0 0.253 4.08 0.94 0.42 ± 0.02 0.061 ± 0.005 2.97 ± 0.22 

October 
 
(1) 100% DOMp + 1ng L-1 MeHg spike 19.1 ± 0.2 0.225 4.03 0.95 1.45 ± 0.07 0.076 ± 0.011 3.68 ± 0.52 

 

 
(2) <30% DOMp + 1ng L-1 MeHg spike 6.2 ± 0.7 0.027 1.49 1.47 0.68 ± 0.17 0.089 ± 0.022 4.32 ± 1.07 

  

 
(3) 100% DOMp  
 

19.4 ± 0.0 
 

0.153 
 

2.87 
 

0.98 
 

0.33 ± 0.01 
 

0.057 ± 0.008 
 

2.79 ± 0.40 
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2.4 Methylmercury analyses  

All MeHg aliquots were analyzed using derivatization, purge and trap, and cold 

vapour atomic fluorescence spectrometry (US EPA Method 1630 was modified for direct 

ethylation using optimization techniques described by Mansfield and Black (Mansfield 

and Black 2015) and in Brooks Rand Analytical Notes). Methylmercury was extracted 

from June samples by distillation while August and October samples were analyzed 

following direct aqueous ethylation analysis with a Brooks-Rand automated MERX 

system. All samples were analyzed using the same Model III Brooks-Rand detector. 

Distillation spike recoveries were on average 62 ± 9% SD (n=11) and direct ethylation 

spike recoveries were on average 106 ± 8% SD (n=9). Recovery rates were tested in 

triplicate in all analytical runs (n=1:2 ratio between recovery spikes and analytical 

samples) and all samples were recovery corrected. Direct aqueous ethylation methods 

required pH adjustment in the 4.5-5.0 range by 25% KOH addition to ensure efficiency of 

the 2 M acetate buffer and ethylating agent (1.33 M tetraethylborate in 2% potassium 

hydroxide) (Brooks-Rand Analytical Notes and tested by (Mansfield and Black 2015)). 

Samples were also Milli-Q blank corrected (distillation: 0.024 ± 0.016 pg; n=12, and 

direct ethylation: 0.236 ± 0.326 pg; n=32) with the limit of detection calculated as 3 times 

standard deviation of blanks (<1 pg; 0.04 ng L-1). Concentrations were calculated based 

on external calibration curves with a minimum of 5-points (r2 > 0.999). Certified 

reference material (DORM-3, National Research Council Canada) and ongoing precision 

and recovery check standards were used to ensure accuracy of the instrument and 
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calibration with an average recovery of 97% (MeHg concentration = 0.344 ± 0.032 mg 

kg-1).  

2.5 DOC, Fe, and UV-vis absorbance analysis 

A Shimadzu TOC-V CPH/TOC-CPN Total Organic Carbon Analyzer with an 

ASI-V autosampler and internal calibration was used to measure dissolved organic carbon 

concentration, the quantified measure for DOM concentration (following methods 

outlined in Haverstock et al. (2012)). Samples were blank corrected with blanks being 

consistently low (0.1 ± 0.1 mg C L-1; n=49) and 5 ppm inorganic carbon and 5 ppm total 

carbon check standards had good recoveries (>95%). Limit of detection was calculated as 

3 times the standard deviation of the blanks (0.2 mg C L-1). Total iron (Fe) concentrations 

were measured for each bulk water sample using a PerkinElmer ICP-MS following 

acidification to 1% HNO3. The absorbance of each sample was measured using 200-800 

nm wavescans on an Ultrospec 3100pro UV/Vis spectrophotometer in a 1.0 cm quartz 

cuvette with Milli-Q water as a paired reference blank for each scan.  

Absorbance coefficients (α) were calculated for all wavelengths (200-800 nm) 

using the following equation 

α=A × 2.303/L       (Equation 3.1) 

where A is the absorbance intensity at a given wavelength and L is the pathlength (0.01 

m). Specific ultraviolet absorbance at 254 nm (SUVA254) was then calculated as the 

absorbance coefficient divided by the DOM concentration (L (mg C)-1 m-1) using method 

discussed by Weishaar et al. (2003). 

SUVA254 = (A/L)/[DOM]      (Equation 3.2) 
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Spectral slopes were calculated as linear regressions between wavelength ranges outlined 

by Helms et al. (2008) and corresponding absorbance coefficients to determine a UV 

spectral slope ratio (UV SR = S275-295:S290-350) as an indicator/index of relative molecular 

weight/size of photoreactive DOM (Helms et al. 2008). Changes in a, SUVA254, and 

spectral slope ratios were calculated over each experiment and then we correlated those 

rates with photodemethylation rate constants.  

2.6 Data analyses 

T-tests were used to determine if the MeHg concentrations significantly (p<0.05) 

changed in dark controls for each treatment to determine if any net dark microbial 

demethylation or methylation had occurred. If significant loss occurred, treatment 

samples were corrected for loss of MeHg based on the assumption that microbial activity 

was a function of time (this occurred in one treatment and is noted in results). While 

MeHg concentration losses over the experiment had good linear fit (r’s>0.70; p’s<0.03), 

1st order rate constants were a better fit for photodemethylation and allowed comparison 

of results with other studies (Lehnherr and St Louis 2009; Fleck et al. 2014; Qian et al. 

2014; Jeremiason et al. 2015). Photodemethylation rate constants (kPD; kJ-1) were 

calculated relative to cumulative UV-A (kJ) energy received as the slope of the 1st order 

kinetic plot (see Figure A2.2). 

ln(MeHg)UV-A = ln(MeHg)0 – (kPD × cumulative UV-A)           (Equation 3.3) 

The cumulative UV-A received by each beaker was calculated as the UV-A intensity (kJ 

m-2 s-1) multiplied by the cross-sectional area of the beaker (m2) and the time of exposure 

(s). Once calculated, these rate constants were then used in ANCOVA models to 
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determine whether the rates were significantly different across sampling months and 

within photoreactivity experiments. Pearson’s product-moment correlation coefficients (r) 

were used to test for trends between DOM concentration, initial MeHg concentrations, 

spectral slope ratios (SR), and photodemethylation rate constants. Photodemethylation rate 

constants were also calculated for the cumulative UV-A in units of moles of photons (E-1; 

Table 3.1).  

 To assess the impact of photoreactive DOM on photodemethylation of MeHg 

independent of the changes in photons absorbed between treatments we calculated 

photodemethylation efficiencies, which are unitless parameters based on the total 

photodemethylation (decrease of MeHg in moles) per photons absorbed (in moles) by 

each sample. Thus photodemethylation efficiency (PDE) was calculated as moles of 

MeHg loss between initial and final samples (t0 – t48hrs) divided by the incoming photons 

(moles) to the center each beaker (intensity in moles m-2 s-1 multiplied by the cross-

sectional area of the beaker (m2) and the time of exposure (s)) multiplied by the 

absorbance at 350 nm (A350nm at 2.5 cm) at t24 as a proxy for absorbed UV-A radiation by 

each experimental treatment (n=3). 

 PDE = (MeHg0 – MeHg48) / (cumulative UV-A photons @ t48 * A350 @ t24) 

(Equation 3.4) 

Absorbance loss over the 48 hour experiment was assumed to be linear given that the 

radiation intensity was constant and that linear dissolved organic carbon losses were 

reported in a similar irradiation study from this lake (Haverstock et al. 2012) and t24 is the 

most representative measurement for the entire incubation period. All data manipulation 
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and statistical analyses were performed in Microsoft Excel 2011 and RStudio version 

0.98.501, respectively. 

3. RESULTS 

3.1 Temporal trends  

DOM concentrations increased over 2-fold between the first 2 sampling events. 

June had the lowest concentrations (10.2 ± 0.1 mg C L-1), whereas August had the highest 

(21.2 ± 0.0 mg C L-1) followed by October (19.4 ± 0.0 mg C L-1; Table 3.2). This wide 

range in DOM concentration was reflected in the absorbance at 350 nm (photoreactive 

DOM), ranging from 0.117 – 0.253 absorbance units (AU) cm-1, however SUVA254, an 

index for aromaticity of DOM source (Helms et al. 2008), was highest in the summer 

months (8.91 – 9.39 L (mg C)-1 m-1) compared to October (6.62 L (mg C)-1 m-1). UV SR 

increased from summer into fall (June = 0.91, August = 0.94, October = 0.98). MeHg 

concentrations varied by a factor of almost 2 over the sampling period (0.29 – 0.42 ng L-

1) with the highest concentrations in August, followed by October, and then June 

consistent with DOM concentration trends (Table 3.2). Fe concentrations more than 

doubled from June to August (184 – 503 µg L-1) and then decreased slightly in October 

(409 µg L-1) similar to the seasonal pattern of MeHg and DOM concentrations observed. 
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Table 3.2 Dissolved organic carbon concentration (DOC), absorbance at 350 nm (A350), 
specific ultraviolet absorbance (SUVA254), ultraviolet spectral slope ratio (UV SR), 
ultraviolet-visible spectral slope ratio (UV-vis SR), methylmercury (MeHg) concentration, 
and total iron (Fe) concentration for Big Dam West lake water at each collection period. 
Concentration data except iron (n=1) are expressed as means ± 1 standard deviation (n=3). 

 

3.2 Photodemethylation experiments 

All experimental treatments displayed significant MeHg loss due to 

photodemethylation (Table 3.1; Figure A3.2). There were no significant net losses of 

MeHg in the dark controls compared to initial (t=0) samples (p’s>0.1) with the exception 

of the June Treatment 3 (t=3.90, p=0.017), which exhibited losses in MeHg (up to 20%) 

measured in the dark controls. The June Treatment 1 (the same photoreactive DOM water 

as Treatment 3 but with a MeHg addition), however, did not display a significant net 

decline in the dark control MeHg (t=1.03, p=0.405). Therefore, only the June Treatment 3 

was corrected for the additional dark loss in MeHg. In the irradiation experiments MeHg 

concentrations decreased by up to 85% in June, and 60% in August and October (Figure 

3.2). All 100% photoreactive DOM treatments (Treatment 1 & 3) showed significant 

increases in UV SR following irradiation in all sampling months (Table 3.3). Treatment 2 

(<30% of original photoreactive DOM) showed no significant changes in UV SR in any 

Month 
 

DOC 
(mg C L-1) 

 

A350 
(AU cm-1) 

 

SUVA254 
(m-1 mgC L-1) 

 

UV SR 

 
 

MeHg 
(ng L-1) 

 

 
Fe 

(µg L-1) 
 

June 
 

10.2 ± 0.1 
 

0.117 
 

3.87 
 

0.91 
 

0.29 ± 0.02 
 

 
184 

 
August 
 

21.2 ± 0.0 
 

0.253 
 

4.08 
 

0.94 
 

0.42 ± 0.02 
 

503 
 

October 
 

19.4 ± 0.0 
 

0.153 
 

2.87 
 

0.98 
 

0.33 ± 0.01 
 

409 
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sampling month (Table 3.3). DOM concentrations in Treatment 2 were also reduced by 

63-67% from the in-situ lake DOM concentrations used in Treatment 1 and 3 (Table 3.1).  

 

 
Figure 3.2 The proportion of methylmercury (MeHg) degraded via photodemethylation in 
each of the three water quality treatments in each of the months (A): June, (B): August, and 
(C): October. Treatment 1: 100% photoreactive dissolved organic matter (DOM) plus a 
MeHg spike, Treatment 2: <30% photoreactive DOM plus a MeHg spike, Treatment 3: 
100% photoreactive DOM with no MeHg spike. 
 

 

A MeHg spike of approximately 1 ng L-1 MeHg to lake water (Treatment 1; 100% 

photoreactive DOM) increased the MeHg concentrations by approximately 5 times (Table 

3.1) and June photodemethylation rate constants were higher than both August (p<0.001) 

and October (p=0.044). August and October photodemethylation rate constants were not 

different (p=0.122). In reduced photoreactive DOM conditions with an addition of 

approximately 1 ng L-1 MeHg to lake water (<30% photoreactive DOM; Treatment 2), 

there was no significant effect of sampling month on photodemethylation (p=0.819). 

Within Treatment 3 (in-situ photoreactive DOM and MeHg concentrations) 

photodemethylation rate constants differed by sampling time (June vs. August: p<0.001, 

June vs. October: p<0.001, August vs. October: p<0.001; Figure 3.3A). Within each 
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sampling month there were no significant differences among photodemethylation rate 

constants due to the 3 water quality treatments tested (June: p=0.346, August: p=0.133, 

October: p=0.309).  

 
Table 3.3 Change in ultraviolet spectral slope ratios (UV SR; S275-295:S350-400) within each UV-
A exposure experiment for the 3 water quality treatments (combinations of photoreactive 
dissolved organic matter (DOMp) and methylmercury (MeHg) spikes) within the 3 collection 
months. Significant changes in UV SR are noted by asterisks (*; α=0.05). 
 

 
Month 
 

Treatment 
 

 
change in 

UV SR 
 

standard  
error 

 
R2 

 
p 
 

 
June (1) 100% DOMp + 1ngL-1 MeHg spike 0.0020* 0.00026 0.90 0.0006 

 

 
(2) <30% DOMp + 1ngL-1 MeHg spike -0.0075 0.00350 0.37 0.0862 

 

 
(3) 100% DOMp  0.0015* 0.00042 0.66 0.0159 

 
August (1) 100% DOMp + 1ngL-1 MeHg spike 0.0012* 0.00030 0.71 0.0110 

 

 
(2) <30% DOMp + 1ngL-1 MeHg spike 0.0001 0.00471 -0.20 0.9833 

 

 
(3) 100% DOMp  0.0015* 0.00013 0.96 0.0001 

October 
 
(1) 100% DOMp + 1ngL-1 MeHg spike 0.0013* 0.00019 0.87 0.0013 

 

 
(2) <30% DOMp + 1ngL-1 MeHg spike -0.0019 0.00332 -0.13 0.5967 

  

 
(3) 100% DOMp  
 

0.0010* 
 

0.00020 
 

0.80 
 

0.0044 
 

 

Photodemethylation rate constants were not significantly correlated with initial 

MeHg concentrations over the concentration range tested (0.29 – 1.57 ng L-1) in the 

irradiation experiments (r=0.290, p=0.450; Figure A2.3). Initial DOM concentration 

exhibited a weak trend with photodemethylation rate constants (r=-0.584, p=0.098; Figure 
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A2.4), however, UV SR was positively correlated with photodemethylation rate constants 

(R=0.841, p=0.036; Figure A2.5). 

Both photoreactive DOM (p<0.0001) and sampling month (p<0.003) affected 

MeHg photodemethylation efficiency calculated on a per mole of photons absorbed basis 

(Figure 3.3B). June exhibited greater photodemethylation efficiency than the other 

sampling months for Treatment 1 and Treatment 3 and both June and August had 

differences in photodemethylation efficiency between those with 100% of the 

photoreactive DOM (Treatments 1 & 3) and Treatment 2 where photoreactive DOM was 

decreased (all p’s <0.05). Overall Treatment 2 had the greatest photodemethylation 

efficiency in June. MeHg photodemethylation efficiency was negatively and significantly 

correlated with initial DOM concentration (r=-0.786; p=0.012; Figure A2.6). 
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Figure 3.3 (A) Photodemethylation rate constants and (B) photodemethylation efficiency for 
each collection month’s experiments and water quality treatments for each collection month 
(refer to Figure A2.2 for kPD curves). Treatment 1: 100% photoreactive dissolved organic 
matter (DOM) plus a 1 ng L-1 spike of MeHg, Treatment 2: <30% photoreactive DOM plus 
a 1 ng L-1 addition of MeHg, and Treatment 3: 100% photoreactive DOM. Error bars are 
standard error on the photodemethylation rate constant calculated using Equation 4.3. 
Lettering indicates significance (α=0.05): capital letters compare months and small letters 
compare treatments within months.  
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4. DISCUSSION 

4.1 Photoreactive DOM affects photodemethylation efficiency but not rate  
 

An objective of the present study was to test if there was a relationship between 

photoreactive DOM and MeHg photodemethylation rate constants. This was carried out 

by direct photochemical alteration of photoreactive DOM in water samples from one lake. 

Contrary to our hypothesis that MeHg photodemethylation rate constants would be 

positively related to the concentration of photoreactive DOM, there were no significant 

differences between photodemethylation rate constants (using total UV-A energy 

exposure in kJ) observed across photoreactive DOM treatments (Figure 3.3A). 

Photoreactive DOM did not affect photodemethylation rate constants but did inversely 

affect photodemethylation efficiency. This outcome suggested that the loss of 

photoreactive DOM was balanced by increased photodemethylation efficiency of the 

DOM.  

The influence of DOM is not as straightforward as just attenuating radiation (Li et 

al. 2010), especially in freshwaters with high concentrations of DOM (Black et al. 2012). 

Results from multiple scavenger experiments indicate that MeHg photodemethylation can 

occur through multiple pathways which will change depending on water chemistry and 

radiation quality (Li et al. 2010). Zhang and Hsu-Kim (2010) quantified 

photodemethylation occurrence in neutral waters (pH=7-7.4) whereas acidic waters are 

key for photo-Fenton reactions involving the oxidation of Fe(II) to Fe(III), a byproduct of 

which is hydroxyl radicals (Southworth and Voelker 2003). Recent work by Fleck et al. 

(2014) in water from rice fields and a wetland, showed strong relationships between 

absorbance loss in the 280-400 nm range and MeHg loss (r=0.88-0.88), highlighting that 
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MeHg may need to be bound directly to DOM in order to undergo photodemethylation. 

More specifically, lab experiments using targeted scavengers determined that solutions 

with molecules composed of both thiol and aromatic groups yielded faster rates of 

photodemethylation than solutions that had molecules containing only thiol or aromatics 

(Qian et al. 2014). Fluorescence excitation emission matrices (EEMs) confirmed that in-

situ MeHg concentrations are related to DOM lability or source, whereas loss of MeHg 

through photodemethylation was correlated with the loss of fulvic or humic portions of 

DOM, further reiterating the idea of an intramolecular pathway (Fleck et al. 2014).  

Lack of significant differences in photodemethylation rate constants reported in 

the present study between photoreactive DOM treatments (Treatment 1 & Treatment 2) 

over all sampling months suggest that photons, photoreactants, and PPRIs were not 

limited in these experiments over the range of photoreactive DOM tested using constant 

irradiation and beaker path lengths. The reduction of photoreactive DOM from 100% 

photoreactive DOM to less than 30% photoreactive DOM did not push the ratio between 

these PPRIs and MeHg below a threshold at which photodemethylation rate constant was 

enhanced (i.e. Figure 3.1 Pathway 1 is still dominant over Pathways 2 & 3). Additionally, 

we do not think that residual radicals from the pre-conditioning method, potentially 

present at the time of Treatment 2 MeHg spike additions, can explain the lack of 

statistical difference between photoreactive DOM treatments. Samples were stored in the 

dark for 1 hour prior to MeHg spike additions and the samples were then left at room 

temperature in the dark to equilibrate (Hintelmann et al. 1995) for 24 hours before 

experiments commenced. Therefore, any demethylation of MeHg by residual radicals 

would have happened in all of the pre-irradiated samples before the experiments started 
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and therefore could not explain the lack of difference in photodemethylation rate 

constants between the 3 treatments. Photodemethylation rate constants were calculated 

using Equation 4.3 that uses t0 (samples that did not go in the photoreactor again), versus 

samples that were exposed to known amounts of UV-A (samples that were in the 

photoreactor for 24 to 48 hours).  

Fernandez-Gomez et al. (2013) also found that photodemethylation rate constants 

at specific wavelengths were consistent between natural water samples of varying DOM 

concentration and absorbance, Fe concentrations, and pH when only the available photons 

were considered (i.e. when the attenuation effects of dissolved components were 

removed). Hammerschmidt and Fitzgerald (2010) identified that Fe is not a limiting 

reactant in Arctic lake photodemethylation reactions even though photo-Fenton reactions 

can produce reactive oxygen species which can facilitate photodemethylation. Similarly, 

Fe concentrations increased from June to October in the lake water sampled but there was 

no corresponding increase in photodemethylation, confirming that Fe was not a limiting 

reactant in our systems. More recent research by Black et al. (2012) has found that 

photodemethylation can occur in a variety of wetland surface water types without 

hydroxyl radical production.  

MeHg photodemethylation efficiency is a useful measure to compare the total 

number of potential photoreactions (moles photons absorbed by DOM + DOM-MeHg 

complexes) with the number of measured photoreactions (moles MeHg lost; refer to 

Equation 4.4). Assessing molecular level photoreactions may be more helpful for 

understanding the relative proportions of photoreactions that are DOM 

phototransformations (Figure 3.1 Pathway 1) versus intramolecular MeHg 
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photodemethylation (Figure 3.1 Pathway 2). We hypothesized that treatments with greater 

photoreactive DOM would yield more photodemethylation (Figure 3.1 Pathways 2 & 3), 

however the results showed the opposite; the treatments with greater photoreactive DOM 

had a lower allocation of energy into photodemethylation pathways and therefore more 

DOM phototransformations that did not involve MeHg (Figure 3.1 Pathway 1). Similarly, 

there were significantly greater photodemethylation efficiencies in samples with less 

photoreactive DOM (Treatment 2 > Treatment 1 & Treatment 3; Figure 3.3B). These data 

further support the idea that freshwaters with lower DOM concentration and 

photobleached DOM will have greater photodemethylation potential than waters with 

more photoreactive and overall DOM concentration (Li et al. 2010; Black et al. 2012; 

Fleck et al. 2014; Poste et al. 2015). These data also support studies that have found lower 

rates of photodemethylation with depth in water columns, as less energy will be available 

for photoreactions that involve MeHg (Sellers et al. 1996; Krabbenhoft et al. 2002; 

Lehnherr and St Louis 2009; Li et al. 2010). More insight can be gained by examining 

photodemethylation efficiency when more energy is going into photoreactions with DOM 

and not DOM-MeHg complexes (Figure 3.1 Pathway 1 > Pathway 2 at higher 

concentrations of photoreactive DOM). The pre-irradiated and pre-photobleached DOM 

(Treatment 2) resulted in the highest MeHg photodemethylation efficiency and the least 

amount of DOM photobleaching during our experiments. Photodemethylation efficiencies 

were highest when there was less photoreactive DOM because a greater proportion of the 

energy was going into MeHg photoreactions. This conceptual framework for discussing 

MeHg photodemethylation is new and should not be simply labeled as shading because it 

provides a more mechanistic understanding of photoreactions in higher carbon systems.   
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There is still much debate in the literature concerning which PPRIs are driving 

photodemethylation. All proposed reaction pathways include a photosensitizer or PPRI, 

and other studies have confirmed that photoreactive DOM is an important variable 

driving photodemethylation. These previous studies that focused on photodemethylation 

used a number of physical techniques to alter water chemistry in general and did not 

specifically target the photoreactive portion of DOM. Specifically, these sample 

preparation techniques included: altering the DOM content of the water through dilution 

(Hammerschmidt and Fitzgerald 2010; Black et al. 2012), altering concentration of DOM 

using reverse osmosis (Black et al. 2012) and cross-flow ultrafiltration (Tai et al. 2014), 

and using DOM isolate additions to reagent-grade water (Zhang and Hsu-Kim 2010; Qian 

et al. 2014; Jeremiason et al. 2015). Our results presented here agree that some 

photoreactive DOM is necessary for this reaction to occur (Qian et al. 2014; Jeremiason 

et al. 2015) and that photodemethylation is actually more efficient in natural freshwaters 

with lower amounts of photoreactive DOM and we propose a conceptual mechanistic 

hypothesis based on competition for radiation energy between DOM and DOM-MeHg 

complexes. This hypothesis accounts for photoreactive DOM and not simply carbon 

concentration which could lead to poor prediction of photodemethylation rate constants 

when only DOM concentration is considered (Black et al. 2012). This finding was 

identified by quantifying changes in DOM optical properties and would not necessarily be 

apparent in studies focused on DOM structural analysis and those that used DOM 

isolates. To our knowledge this is the first study to use prior irradiation to 

photochemically alter naturally occurring DOM in order to test the effect of photoreactive 

DOM on photodemethylation of MeHg.  
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4.2 Seasonal variation in photodemethylation supports DOM competition hypothesis 

Another objective of the present study was to examine the effects of seasonal 

variation in water chemistry on photodemethylation. This objective was carried out 

through the sampling of water from one freshwater lake 3 times during one year, 

spanning across the summer-to-fall seasonal transition to capture natural differences in 

concentrations of photoreactive DOM. Photodemethylation rate constants and efficiencies 

were greatest in our first sampling month’s experimental treatments (June), with the other 

2 sampling month’s experimental treatments (August and October) being lower and 

similar.  

This seasonal decrease in photodemethylation mirrored an increase in 

photoreactive DOM from June to the other sampling months and supports a DOM 

competition hypothesis (Figure 3.1, Pathway 1 vs. Pathway 3). June treatments had the 

highest rates of photodemethylation and the highest photodemethylation efficiencies, 

which corresponded to waters with the lowest DOM concentrations, A350, and Fe 

concentrations, but not the lowest SUVA254 (see Table 3.1). In contrast, August had the 

lowest photodemethylation rate constants, which corresponded with the highest DOM 

concentration, A350, Fe concentrations and comparable SUVA254. These results further 

suggest that photodemethylation is more likely to occur in waters with lower 

photoreactive DOM and indicate that photodemethylation was likely in competition for 

photons, more so in August relative to June or October experiments.    

Lake water in June would have resided in the lake for less time since spring runoff 

(Meng et al. 2005) leading up to sampling compared to the other sampling events and, 

therefore, likely be the least photobleached relative to the other sampling months. The 
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lack of statistical differences between photoreactive DOM treatments (Treatments 1 

versus 2) on photodemethylation rate constants in June suggests that in-situ 

photobleaching is likely not the reason behind June having the highest 

photodemethylation rate constants. However, the unaltered DOM in June (Treatments 1 

& 3) exhibited the largest change in UV SR during the irradiation experiments, which 

indicates that DOM in June was more susceptible to photobleaching than the other 

months and could explain the significantly higher photodemethylation rate constants 

overall in June than the other sampling months. June is closer to spring melt and wetland 

flushing; waters entering lakes in spring would have resided all winter in wetlands or 

porewaters and be subjected to microbial degradation prior to radiation exposure. The 

source of DOM was likely not different geographically for this sampling time point but 

may have been chemically different given other ongoing external processes (hydrology 

and biological processing). 

In natural systems, particularly in shallow, well-mixed lakes, such as Big Dam 

West lake and many of the other lakes in Kejimkujik National Park, Nova Scotia, surface 

waters subjected to photobleaching are replenished through daily upwelling and mixing 

processes. This mixing of water also brings MeHg and DOM to the water surface and 

PPRIs would be limited to the very surface or few tens of centimeters of the entire lake 

water column (<10%). Mercury budgets in shallow Arctic ponds (<1 m depth) have 

highlighted that MeHg photodemethylation is limited to the top 30 cm of the water 

column, analogous to UV-A attenuation (Lehnherr and St Louis 2009). Our beaker size 

was chosen to have a maximum path length of 5 cm to avoid any inner shading of 

photons and mimic surface reactions at our well-mixed study lakes. In contrast, deeper 
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oligotrophic lakes (>5 m) in the Precambrian shield of the Experimental Lakes Area can 

have well developed thermal stratification that can facilitate MeHg photodemethylation in 

the epilimnion, while significant mercury methylation can occur in the hypolimnion 

(Sellers et al. 2001) with whole lake turnover and mixing only occurring in spring and fall 

(Morris and Hargreaves 1997). In drier years in-lake production of MeHg can dominate 

the MeHg budget whereas in wetter years terrestrial and wetlands sources are more 

important (Sellers et al. 2001) and less vertical mixing is more likely to occur in deeper 

lakes. In shallow well-mixed lakes, even during periods of low flow: minimal 

precipitation, outflow from wetlands, and overflow or runoff, these lakes will not develop 

any thermal stratification apart from the very shallow photic zone and will also not have a 

well-developed stratified zone of photochemically processed compounds.  

Higher photodemethylation rate constants in June than the other sampling months 

could support the hypothesis that the photoreactive DOM and MeHg entering the lake at 

different times of years could behave differently in terms of PPRI production and 

therefore MeHg photodemethylation processes. Furthermore, the higher DOM 

concentrations in August and October would have reduced the lake’s photic and PPRI 

production zone thus limiting the potential for in-situ photoreactions to the near surface of 

the water column (Scully and Lean 1994; Morris and Hargreaves 1997; Haverstock et al. 

2012) prior to sampling and experiments. Seasonal variation of in-situ lake water 

properties caused higher rates of photodemethylation in June compared to later in the year 

in August and October. Poste et al. (2015) predict that MeHg losses through 

photodemethylation will be highest in the summer months (May-July) in Norwegian lakes 

due to incoming photon flux. However, that model (Poste et al. 2015) does not account 
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for seasonal differences in photoreactive DOM and photodemethylation rate constants 

were generated using water from one sampling time period, similar to most other MeHg 

photodemethylation studies (Sellers et al. 1996; Lehnherr and St Louis 2009; Black et al. 

2012; Fleck et al. 2014). The observed seasonal variation in photodemethylation supports 

our experimental evidence that photoreactive DOM is inversely related to 

photodemethylation potential, due to a competition for photons. This trend could result in 

reduction of MeHg exposure to the base of food webs in early to mid-summer. 

5. CONCLUSIONS 

The present study highlights the important relationship between the 

phototransformation of DOM and MeHg photodemethylation pathways in quantifying the 

potential role of photodemethylation in high carbon lakes. These results indicate that 

photoreactions in high carbon systems are dominated by DOM photobleaching and 

photomineralization (Figure 3.1 Pathway 1) competing successfully with and reducing 

MeHg photodemethylation reactions. Whereas in lower carbon waters more photons are 

available for reactions involving DOM-MeHg complexes (Figure 3.1 Pathways 2 & 3) 

and MeHg photodemethylation efficiency will be greater. This observation of greater 

photodemethylation efficiency in lower carbon waters could be due to a number of 

seasonal ecosystem properties including hydrologic regimes that control carbon inputs to 

lakes, as well as lake water levels and therefore dilution or concentration of solutes within 

lake basins. The combination of DOM characteristics that result in the greatest reduction 

of MeHg availability (through photodemethylation pathways) to food webs may, 

however, correlate with times of the year when in situ MeHg concentrations are already 
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lowest. An important aspect for future research that examines seasonal bioaccumulation 

models in lakes. The present study focused on water from one lake but future studies 

should investigate the effect of DOM on MeHg photodemethylation in different lakes that 

encompass greater variation in DOM source and MeHg inputs. Future studies should also 

further address the use of photon absorption along with irradiance in modeling efforts for 

understanding the potential role of photodemethylation in freshwaters sensitive to 

mercury contamination. 
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Abstract 

Photodemethylation can be one of the primary processes for loss of neurotoxic 

methylmercury (MeHg) in freshwater lakes. Few studies have quantified seasonal 

variations in photodemethylation rate constants as a function of dissolved organic matter 

(DOM) concentration. We conducted 1-week irradiation experiments in two seasons to 

test for spatial and temporal differences in photodemethylation potential in temperate lake 

waters. Six study lakes in Kejimkujik National Park, Nova Scotia were sampled in 

summer and fall to include a range of naturally occurring DOM concentrations (4.4 – 13.4 

and 3.9 – 16.4 mg C L-1, respectively). A significant negative linear relationship 

(R2=0.76, p=0.01) was found between DOM concentration and photodemethylation rate 

constant across seasons, indicating that DOM is a strong predictor of MeHg 

photodemethylation independent of seasonal effects. The two highest carbon lakes (BDW 

and PEB) had significantly higher energy-normalized photodemethylation rate constants 

in summer compared to fall corresponding with lower DOM concentrations in summer 

relative to fall. Additionally, there were negative linear relationships between MeHg 

photodemethylation and DOM photomineralization (R2s=0.58-0.72) and DOM 

photobleaching (R2s=0.83-0.90). This key finding suggests that competition for photons 

by DOM may reduce the potential for MeHg photodemethylation in high carbon waters 

and that this relationship persists across seasons.   
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1. INTRODUCTION 

Methylmercury (MeHg) contamination through bioaccumulation and 

biomagnification in aquatic food webs is an issue in many remote ecosystems far from 

direct pollution sources (Evers et al. 2007; Wyn et al. 2010; Kidd et al. 2011; Lehnherr 

2014). Understanding why some ecosystems are more sensitive to contamination 

following atmospheric mercury deposition and quantifying this effect is key to mercury 

fate modeling and mitigating mercury contamination in food webs. It is clear that 

dissolved organic matter (DOM) is a key variable in freshwaters. Once MeHg is in the 

water column it may be degraded through photodemethylation processes (Sellers et al. 

1996) and the balance between the formation and degradation of MeHg will be an 

important factor controlling the availability of MeHg to the base of the food web (primary 

producers) in the water column.  

 Photodemethylation is an abiotic process that can be responsible for the majority 

(58-80%) of the MeHg loss in low nutrient freshwater Arctic ponds (Hammerschmidt and 

Fitzgerald 2006; Lehnherr et al. 2012) and temperate lakes (Sellers et al. 1996). The 

process of photodemethylation is also important in high carbon and nutrient-rich systems 

such as temperate California wetlands (Black et al. 2012; Fleck et al. 2014) and 

temperate-tropical Florida Everglades (Li et al. 2010). Solar radiation varies vertically as 

well as horizontally within a lake, and consequently, photodemethylation rate constants 

decrease dramatically with depth through freshwater lake columns (Sellers et al. 1996; 

Krabbenhoft et al. 2002) and this consistent pattern is due to the decrease in transmitted 

solar radiation (Scully and Lean 1994; Morris et al. 1995), particularly the ultraviolet 

(UV) wavebands (Lehnherr and St Louis 2009). The attenuation of UV wavelengths by 



 123 

DOM occurs rapidly in temperate lakes (Scully and Lean 1994) with extinction of UV-A 

in high carbon lakes of Kejimkujik National Park, Nova Scotia occurring in the top 20-30 

cm of the water column (Haverstock et al. 2012).  

 The purpose of this study was to determine how photodemethylation rate 

constants vary across a series of lakes in response to DOM (concentration and 

photoreactivity) and sampling season. Methylmercury is associated with DOM (DOM-

MeHg) in complexes, however in high DOM waters the proportion of DOM that is 

associated with MeHg (DOM-MeHg) will decrease and this MeHg-free DOM may be 

critical in regulating photodemethylation reactions. We hypothesized that 

photodemethylation rate constants would decrease with increasing DOM concentration 

due to an increase in the ratio between DOM and DOM-MeHg complexes. An increase in 

that ratio would result in increased competition for photons in the photochemical 

reactions involving solely DOM versus DOM-MeHg complexes. At low DOM 

concentrations, DOM facilitates photodemethylation of a larger proportion of 

photoreactive DOM-MeHg complexes and DOM that is not associated with MeHg will 

not dominate the photoreactions in these waters (4.1a). Conversely, at higher DOM 

concentrations DOM inhibits photodemethylation by dominating the photoreactions 

through photon absorbance in these waters (Figure 4.1b). Photodemethylation will still 

occur in high DOM waters but at a limited rate because a smaller proportion of the 

photoreactions will involve DOM-MeHg complexes. To test these hypotheses, we used 

water collected from 6 lakes in both the summer and fall and exposed the water samples 

to the full natural solar radiation spectrum during each collection season. These findings 

present a simplified framework for predicting energy-normalized photodemethylation rate 
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constants among similar freshwaters using basic DOM characteristics (i.e. concentration 

and optical properties).   

 

Figure 4.1 Conceptual figure displaying interactions between dissolved organic matter 
(DOM) and methylmercury (MeHg) with regard to the relative use of photons for 
photodemethylation as compared to photobleaching and photomineralization of DOM. At 
low carbon (C) concentrations (a), DOM facilitates photodemethylation through the 
creation of a larger proportion of photoreactive DOM-MeHg complexes and DOM that is 
not associated with MeHg will not dominate the photoreactions in these waters. At high C 
concentrations (b), DOM inhibits photodemethylation by dominating the photoreactions 
through photon absorbance. A smaller proportion of the photoreactions will involve DOM-
MeHg complexes in higher than lower C freshwaters. 
 

low C high C
Photodemethylation
higher energy proportion absorbed by DOM-MeHg

Photodemethylation
lower energy proportion absorbed by DOM-MeHg

DOMDOM DOM-MeHg DOM-MeHg

UV-AUV-A

DOM + DIC IHg DOM + DIC IHg
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2. MATERIALS & METHODS 

2.1 Sampling sites for freshwater of varying DOM 

 Six lakes in Kejimkujik National Park (Nova Scotia), a biological mercury hot 

spot (Evers et al. 2007; Wyn et al. 2010; Little et al. 2015), were sampled to include a 

range of DOM concentrations (3.9 – 16.4 mg C L-1) (O’Driscoll et al. 2005). Sample sites 

included: Big Dam East (BDE), Puzzle (PUZ), North Cranberry (NCR), Peskawa (PES), 

Big Dam West (BDW), and Pebbleloggitch (PEB) lakes. Water was collected from BDW 

in spring (mid-May), all 6 lakes in summer (last week of June), and all 6 lakes in fall (last 

week of September). Bulk water samples were collected from the side of a plastic canoe 

in the middle of each lake at 30 cm depth using triple-rinsed (with Milli-Q and lake 

water) HDPE containers (>10 L).  

2.2 Experimental setup  

 All irradiation experiments took place in the K.C. Irving Center experimental 

gardens at Acadia University. Sample bottles were placed in natural solar radiation 

conditions and HOBO® temperature data loggers (model #UA-001-64) programmed to 

record temperature (± 0.05°C) every 5 minutes were placed inside bottles (n=6 per 

experiment) to record temperature during each experiment. Solar radiation was measured 

and recorded every 5 minutes by an Ocean Optics USB 4000 spectroradiometer in spring 

and fall and an Ocean Optics Jaz spectroradiometer with a 10 m fiber optic cable and 

diffuse attenuation probe in summer. Cumulative solar radiation exposure (kJ m-2) was 

calculated by measuring the incoming solar radiation intensity (W m-2) at 5-minute 

intervals and summing for the corresponding exposure time periods. Meteorological 
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parameters such as wind speed and direction, humidity, total solar radiation energy, and 

rainfall were also recorded using a Davis Vantage Pro 2 meteorological station.  

2.3 Sample preparation and analyses 

 In spring, experimental treatments included 0.45 µm filtered (polyethersulfone 

membrane) and unfiltered water from one lake (BDW lake) to test the effect of 

particulates on photodemethylation rate constants. In summer and fall 0.45 µm filtered 

water was collected from six lakes (BDE, PUZ, NCR, PES, BDW, and PES lakes) to 

quantify temporal and spatial differences in DOM on photodemethylation rate constants. 

Polytetrafluoroethylene (PTFE) bottles were used for all irradiations in the 

experimental design to minimize losses in ultraviolet (UV) radiation due to absorption by 

the container walls (measured attenuation was 16 - 30% in the 320-400 nm region 

depending on bottle wall thickness) and the incoming UV-A was corrected for wall 

attenuation to determine the energy reaching each sample. Each 500 mL of lake water 

was spiked to have a concentration increase of 3 ng L-1 MeHgOH (Strem Chemicals, 

Inc.), swirled in the PTFE bottle to mix, and left capped in the dark at room temperature 

to equilibrate for 12 hours before being placed outside after sunset. This was done to 

allow for ambient temperature equilibrium prior to the solar radiation exposure. These 

spiked MeHg concentrations were within 10x of the naturally occurring MeHg 

concentrations in lakes within Kejimkujik National Park (O’Driscoll et al. 2005). Dark 

controls for each treatment were covered with 3 layers of aluminum foil to block 

radiation. Sample bottles for each lake were collected after sunset to minimize variations 

in radiation exposure between replicates after exposure times of 0, 1, 2, 3, 5, and 7 days. 
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Aliquots from each bottle were preserved for MeHg analysis to 0.5% HCl, total 

mercury (THg) to 0.5% BrCl, dissolved organic carbon with <1 week refrigeration, and 

optical measurements were measured immediately. The pH range across all treatments 

and lakes was 4.32 – 5.24 in summer and 3.67 – 5.22 in fall (Table A3.1). MeHg was 

measured using direct aqueous ethylation, purge and trap, and cold vapour atomic 

fluorescence spectrometry on a Brooks-Rand MERX system with a Modell III detector 

(US EPA Method 1630). Samples were pH adjusted to 4.5-5.0 using 25% KOH and 2M 

acetate buffer to optimize recovery efficiency of the method (Mansfield and Black 2015). 

Results were blank corrected and MeHg concentrations were calculated using appropriate 

calibration curves (MeHg stock: MeHg(II)OH Strem Chemicals, Inc.). Certified reference 

material DORM-4 (NRC; 102.5 ± 11.7% recovery, n=6), and check standards of 50 pg 

MeHg (99.8 ± 8.6% recovery, n=54) were run throughout each run to ensure accuracy 

and precision of the standards and the instrument. Matrix spikes were used to ensure 

ethylation efficiency within water samples and most measured as within 10% of expected 

concentrations (103.6 ± 9.5% recovery, n=42) and all sample MeHg concentrations were 

spike recovery corrected. The 1.39 pg limit of detection was calculated as three times the 

standard deviation of the blanks (0.28 ± 0.46 pg, n=42). THg was measured using 

reduction, purge and gold amalgamation trap, atomic fluorescence spectrometry (US EPA 

Method 1631) on a Tekran 2600. Results were blank corrected (0.13 ± 0.16 ng L-1, n=29) 

and check standards were run every 10-12 runs (recoveries: 99.5 ± 6.2%, n=22). DOM 

was measured as DOC on a Shimadzu TOC-VCPH total organic carbon analyzer with an 

ASI-V autosampler. Quality assurance included organic carbon and inorganic carbon 

calibration and blank correction (0.07 ± 0.12 mg C L-1, n=38). Iron (Fe) concentration 
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was measured on a Perkin-Elmer ICP-MS. Absorbance for 200-800 nm was measured on 

each sample using a scanning spectrophotometer (Ultrospec 3100pro UV/Vis) with a 1.0 

cm quartz cuvette with a paired reference blank of Milli-Q water. SUVA254 was 

calculated as the absorbance at 254nm (A254) divided by DOM concentration. 

2.4 Data analyses 

 All data manipulation and statistical tests were carried out in Microsoft Excel for 

Mac 2011 and RStudio 0.98.501. Energy-normalized MeHg photodemethylation rate 

constants (kPD; m2 kJ-1) were calculated as the slope of the first-order kinetic plot of 

MeHg loss (ng L-1) relative to cumulative UV-A (320-400 nm) energy received (kJ m-2): 

 ln(MeHg)f = ln(MeHg)i – (kPD * cumulative UV-A)           (Equation 4.1) 

Similarly phototransformations of DOM were calculated/measured as the linear slope of 

DOM loss (mg C L-1) relative to cumulative UV-A energy received (kJ m-2) for DOM 

photomineralization (kPM): 

 DOMf = DOMi + (kPM * cumulative UV-A)     (Equation 4.2) 

and the linear slope of the loss of absorbance at 350 nm (A350) relative to cumulative UV-

A energy received (kJ m-2) for DOM photobleaching (kPB): 

 A350f = A350i + (kPB * cumulative UV-A)     (Equation 4.3) 

For inter-study comparison of currently published photodemethylation rate 

constants, photodemethylation rate constants were also calculated as the slope of the first-

order kinetic plot of MeHg loss (ng L-1) relative to cumulative photosynthetically active 

radiation (PAR; 400-800 nm) photons received (E m-2): 

 ln(MeHg)f = ln(MeHg)i – (kPD * cumulative PAR photons)  (Equation 4.4) 
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Energy-normalized photodemethylation rate constants were compared using ANCOVA 

models to test for significant differences between experimental treatments. T-tests were 

used to test for differences in DOM concentrations between seasons for each individual 

lake. 95% confidence intervals for photodemethylation rate constants were calculated as 

1.96 * standard error. Linear regression was used to quantify the dependence of 

photodemethylation rate constants on DOM concentration. Pearson’s product-moment 

correlation coefficients (r) were used to test for relationships between DOM 

photoreactions (photomineralization and photobleaching) and photodemethylation. Linear 

regressions were used to define these relationships and ANCOVAs were used to test for 

the effects of season on photodemethylation versus photoreactions involving DOM 

(photomineralization and photobleaching). 

3. RESULTS 

3.1 Effects of season on MeHg photodemethylation 

Seasonal trends in photodemethylation rate constants were measured in controlled 

experiments using water collected in summer and fall from 6 lakes. Quantified 

photodemethylation rate constants were significantly higher in 2 out of 6 lakes in summer 

as compared to fall (Figure 4.2a); the two lakes with the highest DOM concentration 

(BDW and PEB) where 95% confidence intervals did not overlap (Figure 4.2b). Over the 

1-week summer experiment there was 5515 kJ m-2 of UV-A radiation received compared 

to a 1-week period in fall when there was 2596 kJ m-2 of UV-A radiation received, a two-

fold difference (Table A3.1). Similarly, the proportion of MeHg lost over the 1-week 

irradiation period in each of these experiment sets was 78-94% in summer and 36-75% in 
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fall (Figure 4.3b & 4.3c). Within the lakes there were some significant temporal shifts in 

DOM and Fe concentrations, for example BDW increased over two-fold in DOM 

concentration from 7.0 ± 0.0, 12.8 ± 0.0, and 16.4 ± 0.4 mg C L-1 in spring, summer, and 

fall, respectively (Table 4.1). Dissolved organic matter concentrations significantly 

decreased from summer to fall in all lakes except BDW and PEB, which exhibited a 

significant increase in DOM concentration (all p’s <0.05; Figure 4.2b). Initial Fe 

concentrations also changed dramatically with season (Table 4.1) and were positively 

correlated with DOM concentration (r=0.92, p<0.01). BDE, BDW, and PEB increased in 

Fe from summer to fall, while PUZ decreased, and NCR and PES showed no significant 

change with season. Lakes with lower DOM concentration (BDE, PUZ, and NCR) 

consistently had less than 100 µg L-1 dissolved Fe compared to higher DOM lakes (PES, 

BDW, and PEB) which aside from BDW in spring (Fe = 86.5 µg L-1), were always over 

100 µg L-1. Water temperatures were on average 21.41 ± 5.05°C in summer compared to 

13.59 ± 3.57˚C in fall but were constant across the treatments (days) within each 

experiment in each season because the water temperatures reflect air temperature 

fluctuations, similar to very surface layers of lakes (Figure A3.4). 
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Figure 4.2 (a) Energy-normalized photodemethylation rate constants (kPD) with 95% 
confidence intervals as error bars and (b) average dissolved organic matter (DOM) 
concentration with error bars as one standard deviation as a function of season for the 6 
study lakes. *denote lakes for which (a) kPD do not overlap with 95% confidence and (b) 
DOM is significantly different (p<0.05). 
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Figure 4.3 Proportion of methylmercury (MeHg) lost over 1-week irradiation experiments 
in (a) spring Big Dam West (BDW) filtered lake water and unfiltered lake water, (b) 
summer Big Dam East (BDE), Puzzle (PUZ), North Cranberry (NCR), Peskawa (PES), 
BDW, and Pebbleloggitch (PEB) filtered lake water, and (c) fall filtered lake water for the 
same 6 lakes and the corresponding natural log transformed MeHg concentration losses 
over the same 1-week irradiation experiments in (d) spring, (e) summer, and (f) fall. 
Different letters in d, e, and f represent photodemethylation rate constants (kPDs that are 
significantly different at 95% confidence). 
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Table 4.1 Initial methylmercury (MeHg), dissolved organic matter (DOM), iron (Fe) concentrations and the resultant MeHg 
photodemethylation rate constants (kPD), DOM photomineralization rates (kPM), and DOM photobleaching rates (kPB) determined 
from 1-week irradiation experiments in spring, summer, and fall for the study lakes Big Dam West (BDW), Big Dam East (BDE), 
Puzzle (PUZ), North Cranberry (NCR), Peskawa (PES), and Pebbleloggitch (PEB). All reaction rates are significant (p<0.05) and 
expressed with corresponding standard error on slope values.  
 

 

Season Lake 
MeHg 

(ng L-1) 
 

DOM 
(mg C L-1) 

 

Fe 
(μg L-1) 

 

 
SUVA254 

(L mg C-1 m-1) 
 

kPD x10-4 

(kJ m-2) 
 

kPM x10-4 

(mg C L-1 m2 kJ-1) 
 

kPB x10-6 
(A350 m2 kJ-1) 

 
 

spring 
    

 

   
 

BDW 1.98 ± 0.27 7.0 ± 0.0 86.5 ± 5.7 n.a. 1.24 ± 0.00 n.a. n.a. 
summer 

    
 

   
 

BDE 3.89 ± 0.07 5.3 ± 0.0 39.4 ± 3.1 3.10 4.42 ± 0.33 2.69 ± 0.12 4.97 ± 1.07 

 
PUZ 3.81 ± 0.14 4.4 ± 0.0 70.5 ± 1.8 2.90 4.96 ± 0.04 2.47 ± 0.34 4.43 ± 0.59 

 
NCR 3.80 ± 0.07 5.5 ± 0.0 92.0 ± 1.8 3.27 5.06 ± 0.23 4.15 ± 0.16 0.73 ± 0.85 

 
PES 3.81 ± 0.10 8.7 ± 0.0 126.6 ± 7.9 2.77 3.42 ± 0.25 4.67 ± 0.45 12.96 ± 0.85 

 
BDW 4.18 ± 0.10 12.8 ± 0.0 178.3 ± 8.0 5.85 3.41 ± 0.14 6.63 ± 0.23 9.25 ± 1.28 

 
PEB 3.90 ± 0.07 13.4 ± 0.0 140.1 ± 1.7 4.09 2.79 ± 0.08 6.47 ± 0.17 15.37 ± 1.05 

fall 
    

 
   

 
BDE 3.54 ± 0.11 4.2 ± 0.0 48.1 ± 0.6 2.10 4.03 ± 0.24 0.96 ± 0.14 2.80 ± 0.63 

 
PUZ 3.57 ± 0.20 3.9 ± 0.0 57.8 ± 5.3 2.12 4.38 ± 0.32 0.94 ± 0.16 3.04 ± 0.76 

 
NCR 3.59 ± 0.20 5.1 ± 0.1 92.0 ± 2.0 2.48 5.18 ± 0.36 1.06 ± 0.17 3.39 ± 0.47 

 
PES 3.43 ± 0.09 6.4 ± 0.0 119.6 ± 9.4 3.71 2.96 ± 0.04 2.45 ± 0.17 6.26 ± 1.11 

 
BDW 4.18 ± 0.10 16.4 ± 0.4 290.1 ± 4.2 3.79 1.67 ± 0.08 7.57 ± 0.59 14.15 ± 0.95 

  
PEB 

 
3.90 ± 0.07 

 
14.9 ± 0.1 

 
203.6 ± 4.7 

 
3.89 1.74 ± 0.18 

 
4.50 ± 0.47 

 
12.12 ± 0.95 
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3.2 Effects of lake water chemistry on MeHg photodemethylation 

Initial DOM concentrations ranged from 3.9 to 16.4 mg C L-1 across all lakes and 

collection months and this measurement was a very strong predictor of 

photodemethylation rate constants (R2=0.76; Figure 4.4). Photodemethylation decreased 

by 50% over a DOM concentration change of less than 9 mg C L-1 in the experimental 

treatments. Filtering had no effect on the photodemethylation rate constants in BDW lake 

(p=0.08) during the spring experiment (Figure 4.3a & 4.3d). Between-lake differences in 

photodemethylation rate constants were significant in both summer and fall experiment 

sets (Figure 4.3e & 4.3f). In summer, the proportion of MeHg lost was very similar in the 

3 lower carbon lakes (91-94%), whereas the 3 higher carbon lakes lost less MeHg (78-

85%; Figure 4.3b). In fall, low carbon lakes again lost more MeHg (66-75%) than higher 

carbon lakes (36-53%; Figure 4.3c) for the same cumulative irradiation received. The 

photodemethylation rate constants for the lake waters also consistently grouped together 

based on the DOM concentration. Low DOM lakes had significantly higher 

photodemethylation rate constants than the lakes with more DOM in both summer (Figure 

4.3e; p<0.05) and fall experiments (Figure 4.3; p<0.05).  



 

 135 

 

Figure 4.4 Energy-normalized photodemethylation rate constants (kPD) as a function of 
initial dissolved organic matter (DOM) concentration. Data are plotted as rates with 
standard error for both summer and fall experiments with the relationship for pooled data 
(kPD = -0.232[DOM] + 5.35, R2=0.76, p=0.01). 
 
 
 Significant DOM photomineralization, measured as DOM concentration loss (in 

mg C L-1) over cumulative radiation received, and DOM photobleaching, measured as 

A350 loss over cumulative radiation received, occurred within all lakes in both seasons 

when water was exposed to natural solar radiation (all R2s>0.66, p’s<0.05; Table 4.1; 

Figure A3.5 & A3.6). Photodemethylation rate constants were inversely related to DOM 

photoreactions through both photomineralization (r=-0.66, p=0.02) and photobleaching 

(r=-0.83, p<0.01). Negative linear regressions for photodemethylation and 

photomineralization (summer: R2=0.58, p<0.05, fall: R2=0.72, p=0.02; Figure 4.5a) and 

photodemethylation and photobleaching (summer: R2=0.90, p=0.003; fall: R2=0.83; 

p<0.01; Figure 4.5b) were compared between seasons. The relationship between 

photoreactions involving DOM (photomineralization & photobleaching) and 
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photoreactions involving MeHg (photodemethylation) had similar slopes between seasons 

(photomineralization: p=0.823; photobleaching: p=0.092) however the intercepts were 

significantly different (photomineralization: p<0.01; photobleaching: p=0.02).  

 

Figure 4.5 Energy-normalized photodemethylation rate constants (kPD) and dissolved 
organic matter (DOM) photoreactions (a) photomineralization calculated as DOM loss 
(mgC L-1 m2 kJ-1; summer: R2=0.58, y=-0.43x+5.94, p<0.05; fall: R2=0.72, y=-0.48x+4.96, 
p=0.02), and (b) photobleaching measured as absorbance at 350 nm loss (A350 m2 kJ-1; 
summer: R2=0.90, y=-0.16x+5.29, p=0.003; fall: R2=0.83, y=-0.27x+5.20, p<0.01). Error bars 
are standard error on the corresponding reaction rate constants. 
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4. DISCUSSION  

4.1 DOM concentration largely explains photodemethylation 

 Six lakes were sampled and used in experiments to represent spatial heterogeneity 

of water chemistry (DOM particularly) across Kejimkujik National Park. The lakes span 

across a 400 km2 region and have different water sources. DOM source with some lakes 

were dominated by groundwater recharge and some dominated by surface water inputs 

via wetlands and catchment runoff (O’Driscoll et al. 2005). Study lakes with low DOM 

concentrations (<6 mg C L-1; all within 2 mg C L-1) all exhibited similar 

photodemethylation rate constants (e.g. BDE, PUZ, and NCR). The three higher carbon 

lakes had a greater range of DOM concentration (~10 mg C L-1) and consequently, 

photodemethylation rate constants. Furthermore, 76% of the variation in 

photodemethylation rate constants between study lakes (Figure 4.3b,c,e,f) could be 

explained by the DOM concentration at the beginning of each experimental treatment 

(Figure 4.4). Lakes with higher DOM concentrations had lower photodemethylation rate 

constants and this pattern held across all lakes in both collection seasons, which was 

surprising given that the lakes encompassed a large range of DOM concentration and 

absorbance properties (i.e. A350). This result suggests that the effects of catchment size, 

wetland representation in catchments, and surface water versus groundwater-fed lakes in 

our study system are important in controlling DOM and therefore photodemethylation. 

Photodemethylation rate constants in the literature are typically reported in units 

of cumulative PAR photons per area (E m-2) and therefore photodemethylation rate 

constants were also calculated using these units for simple comparison. 

Photodemethylation rate constants in our study ranged from 4.1 – 13.3 E m-2 and 
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corresponded well with the range of previously published rates for photodemethylation 

across many locations and water sources (2.6 – 13.7 E m-2; Table A3.3). However, the 

effect of DOM on photodemethylation rate constants does not hold constant across 

ecosystem types; some studies have shown the impacts of DOM are significant (Li et al. 

2010) while others have observed that the effects of DOM are less influential on 

photodemethylation than predicted (Black et al. 2012). Increases in DOM concentration 

from 3.9 to 16.4 mg C L-1 in our study lakes correspond with a 2-fold decrease in 

photodemethylation rate constants. In contrast, previous field-based studies found no 

statistical differences in photodemethylation rate constants between collection sites 

including different freshwater DOM sources such as natural wetlands (Black et al. 2012; 

Fleck et al. 2014) and domestic and wild rice fields that included a DOM concentration 

range of 8.5 – 36.3 mg C L-1 (Fleck et al. 2014). In a controlled study, Black et al. (2012) 

isolated DOM from wetlands using reverse osmosis to produce DOM ranges of 1.5 to 

11.3 mg C L-1 in freshwaters, but again found that photodemethylation rate constants 

predicted based entirely on the attenuation of solar radiation by DOM concentration had 

less effect (6% reduction) on photodemethylation than predicted (~30% reduction). This 

result was surprising because photodemethylation is primarily driven by photon flux 

(Sellers et al. 1996; Hammerschmidt and Fitzgerald 2006; Lehnherr and St Louis 2009; 

Zhang and Hsu-Kim 2010; Li et al. 2010; Qian et al. 2014), which is to some degree 

controlled by DOM (Scully and Lean 1994; Morris et al. 1995). This finding further 

signifies the role, particularly in lakes, of DOM concentration and composition to MeHg 

photoreactions. Wetland DOM is often elevated in carbohydrates (Sulzberger and 

Durisch-Kaiser 2009), it is possible that the lower chromophoric content may result in the 
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lack of effects on photodemethylation observed by Black et al. (2012) compared to our 

findings and those by Lehnherr and St Louis (2009) in oligotrophic lakes.  

The relative photoreactive DOM, as measured by the absorptivity and aromaticity 

of the DOM (e.g. A350; SUVA), varies greatly among studies and likely plays a role in 

regulating the impact of DOM on photodemethylation of MeHg. Wetlands of varying 

DOM concentration can have SUVA254 values of 1.5 – 2.58 L mg-1 m-1 (Fleck et al. 

2014), whereas our study lakes had SUVA254 values of 2.10 – 5.85 L mg-1 m-1. This much 

higher SUVA254 indicates a greater aromaticity (Weishaar et al. 2003) in our lake waters 

compared to Californian wetland waters. Optical measurements also highlight that DOM 

from different water sources may interact differently with MeHg photoreactions. 

Californian wetlands had a greater DOM concentration range than our study lakes (8.5 – 

36.3 mg C L-1), however there was no obvious reduction in photodemethylation due to 

DOM concentration (Fleck et al. 2014) and this further highlights the complexity of DOM 

effects on MeHg photochemistry. Coupled with results from this study, the variation in 

DOM effects on photodemethylation indicates the potential competition of photoreactive 

DOM with DOM-MeHg complexes in regulating photodemethylation rate constants in 

natural high carbon freshwaters. 

4.2 Indirect seasonal effects on photodemethylation 

The relationship between initial DOM concentration and photoreactions involving 

MeHg (i.e. photodemethylation rate constants) was not directly affected by sampling 

season; there were some differences in DOM concentration between seasons in each lake 

but photodemethylation rate constants did not group significantly by season across lakes 
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(Figure 4.4). Additionally, lakes with lower MeHg photodemethylation rate constants had 

higher rates of both DOM photomineralization (loss of DOM concentration; p=0.823) and 

DOM photobleaching (loss of A350; p=0.092) regardless of season. However, the y- 

intercepts for kPD versus both DOM phototransformations (photomineralization and 

photobleaching) were different between seasons (p=0.007 and p=0.019 respectively; 

Figure 4.5a & 4.5b). Temperature differences between seasons could explain these 

differences in intercepts if higher temperatures in summer result in a greater available 

pool of photoreactive DOM. The timing of water collection (summer versus fall) could 

also influence the DOM phototransformations we saw between the seasons tested in our 

experiments due to in situ processing and biological activity in the lake prior to water 

collection.  

Factors that likely did not affect photodemethylation in our experimental 

framework include particle bound MeHg and biological activity during the experiments. 

The filtered versus unfiltered treatments of BDW water in spring showed that there was 

no effect of filtering on photodemethylation rate constants, however, for MeHg analyses 

samples are commonly filtered and therefore we chose to continue filtering (0.45 µm) for 

all the further experimental treatments. The water treatments were also not sterilized and, 

therefore, bacterial activity could have played a role influencing the DOM in the bottles 

in summer versus fall. No visible flocculation of organic matter or photosynthetic 

organism growth (algae) occurred over the 1-week experiments and samples were not re-

filtered prior to chemical analysis, however, biological or photo-biological activity could 

have been present (Siciliano et al. 2005). Therefore, these experiments measured the 

combination of net abiotic and biologic photo-processes similar to those occurring in 
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actual lake surfaces confirming photodemethylation is driven primarily by abiotic 

processes in lake water columns (Sellers et al. 1996; Lehnherr and St Louis 2009; Tai et 

al. 2014; Jeremiason et al. 2015).  

The photoreactivity of DOM will be determined by hydrology (precipitation and 

residence time) and temperature (Kellerman et al. 2014). Losses of terrestrial 

photoreactive DOM in lakes via photobleaching have been observed on a whole lake 

scale in Sweden’s third largest lake (Köhler et al. 2013). That Swedish lake is a natural 

ecosystem scale experiment that highlights the impact of fresh inputs of photoreactive 

DOM and the resultant phototransformations, and the importance of hydrology and time 

scale. The majority of photodemethylation studies take place in summer or summer into 

fall (Table A3.3), which makes sense, given this is the most photochemically active 

period, has the most favourable field conditions, and that most water bodies in temperate 

to high latitudes will be covered in ice during winter periods, which eliminates the 

potential for photodemethylation in waters at those times (Poste et al. 2015). Depending 

on the time of year the DOM composition will likely differ and therefore this seasonal 

aspect to DOM will affect the photoreactivity of the DOM.  

4.3 Competition between DOM photoreactions and DOM-MeHg photoreactions 

Freshwaters with more DOM will intuitively support more photoreactions in near 

surface waters. However, in high carbon systems, higher concentrations of DOM which 

will increase the overall photoreactivity of the water (Garcia et al. 2005; Haverstock et al. 

2012) may reduce the efficiency of secondary photoreactions, like photodemethylation, if 

more energetically favoured reaction pathways exist. Our data support the concept that 
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increased DOM concentration inhibits photodemethylation, because there is competition 

between photoreactions involving MeHg associated with DOM and photoreactions that 

involved DOM not associated with MeHg. The experimental treatments with lower MeHg 

photodemethylation rate constants also exhibited higher rates of both DOM 

photomineralization (loss of DOM concentration) and DOM photobleaching (loss of A350) 

with kPD versus both DOM phototransformations (photomineralization and 

photobleaching) exhibiting significant correlation (Figure 4.5a & 4.5b). A direct ratio 

calculation between DOM concentration and MeHg loss is not sensitive enough to 

explain photodemethylation rate constants (Black et al. 2012) because MeHg is typically 

present in freshwaters at concentrations of ng L-1 whereas DOM is typically present in 

freshwaters at concentrations of mg C L-1. Black et al. (2012) hypothesized that there 

could be a limitation of strong DOM binding sites that could be saturated by MeHg at 

which point the MeHg could be associated with weaker binding sites (similar to 

photoreduction of Hg(II) (Vost et al. 2011)) and be more vulnerable to 

photodemethylation (Zhang and Hsu-Kim 2010). Methylmercury can be associated with 

both weak and strong sites at the same time (Hintelmann et al. 1995; O’Driscoll and 

Evans 2000). However, under ambient MeHg concentrations there is not likely to be a 

limitation of thiol binding sites (Haitzer et al. 2002; Zhang and Hsu-Kim 2010) and 

MeHg association with DOM occurs quite rapidly (Hintelmann et al. 1997). As the 

DOM:MeHg ratio increases, the DOM molecules that are not associated with MeHg are 

outnumbering and essentially outcompeting the DOM-MeHg complexes in the proportion 

of photoreactions that are occurring (Figure 4.4).  
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Dissolved organic matter is derived from many sources and the structural 

composition of the DOM can affect the ability of the DOM to both absorb solar radiation 

but also react and undergo internal transformations (Zepp et al. 1985; Fleck et al. 2014). 

Methylmercury loss through photodemethylation has been shown to be most correlated 

with a simultaneous reduction in absorbance from 280-350 nm and the loss of humic and 

fulvic portions of fluorescence excitation and emission matrices (Fleck et al. 2014). These 

optical measures highlight the relative abundance of photoreactive DOM and the 

importance of the phototransformation of DOM to MeHg loss. We propose thinking 

about photodemethylation in a more opportunist framework as this competition or 

limitation of energy available for different photoreactions involving DOM represents an 

indirect control on photodemethylation of MeHg (see Figure 4.1). The combinations of 

conditions that facilitate or inhibit MeHg photodemethylation are complex but linked to 

DOM in two ways: (i) MeHg is primarily associated with DOM complexes in natural 

freshwater systems (Hintelmann et al. 1997; Hill et al. 2009; Black et al. 2012) and, (ii) 

measurable photodemethylation will only occur in association with specific DOM-MeHg 

complexation sites (Qian et al. 2014; Jeremiason et al. 2015) but that this process will be 

quickly inhibited by competition for photons photoreactive DOM.  

 Dissolved organic matter across ecosystems, and thereby water sources, may not 

consistently display the tradeoff effect we have discovered in these lakes. Nevertheless, it 

is reasonable to suggest that if we quantify the extent to which rates of 

phototransformations of DOM vary across a wider range of sample types it could be a 

means to predict this DOM competition with MeHg photoreactions across ecosystems. It 

is important to better understand potential inhibition of MeHg removal through 
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photodemethylation particularly given that transport of DOM (and likely MeHg) is 

predicted to increase with increased rainfall in many boreal ecosystems (de Wit et al. 

2016) including the Northeastern US (Strock et al. 2016) (and likely Nova Scotia and 

other boreal areas of Canada). This is the first study to test and quantify a consistent 

competitive interaction between MeHg photodemethylation and photoreactions involving 

DOM phototransformations (both photomineralization and photobleaching) support the 

conceptual idea that higher carbon systems will have slower rates of photodemethylation. 

Ultimately this research is key to developing more accurate predictions of 

photodemethylation and MeHg losses from freshwater aquatic ecosystems. 
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Chapter 5 : SUMMARY 

1 General conclusions 

 The overall objective of this thesis was to examine the relationship between 

photoreactive dissolved organic matter (DOM) and methylmercury (MeHg) 

photodemethylation in lake waters. This relationship is of central importance, as this 

thesis shows, because increases in photoreactive DOM leads to decreased 

photodemethylation by outcompeting photoreaction pathways that involve MeHg. This 

competition effect needs to be carefully considered in systems that show elevated (and 

variable) DOM concentrations and DOM photoreactivity. Removal of MeHg from 

freshwater lakes through photodemethylation can be a significant sink for toxic MeHg (up 

to 80% of total MeHg sink) and the photoreactive DOM also present in the water dictates 

the strength of this sink. Laboratory studies have shown that a minimum amount of 

natural DOM is required to facilitate photodemethylation (Qian et al. 2014; Jeremiason et 

al. 2015) and this thesis in combination with other studies (Li et al. 2010; Kim et al. 2017) 

shows that this process is quickly inhibited in natural waters by a surplus of photoreactive 

DOM. Dissolved organic matter will react through various phototransformations and 

these pathways of photomineralization and photobleaching will essentially outcompete 

the photodemethylation pathway. Photodemethylation potential also therefore changes 

with depth in water columns, as the attenuation of solar radiation reduces available 

photons. Data presented in this thesis demonstrate how these processes act naturally in 

surface waters. Conclusions from this study consider processing from a macroscopic 
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whole-lake perspective, but of course small-scale variability will also be present, owing to 

spatiotemporal changes in hydrology, circulation, and stratification.  

 The concentration and photoreactivity of DOM changes significantly throughout 

an annual growing season, where a 2-fold seasonal change was characteristic within most 

of the chosen study lakes. Photoreactive DOM was defined in Chapter 2 as the loss of 

absorbance A350 in a water sample following ultraviolet-A (UV-A; 320-400 nm) exposure 

over a given time period (24 hours). In Chapter 2, six lakes were sampled in three 

different months and photobleached within the lab, in order to quantify the photoreactive 

DOM throughout the growing season. Lake waters with greater concentrations of DOM 

had greater losses of A350 and therefore photoreactive DOM (R2=0.94). Lakes were 

subsequently re-sampled at the same times of year in two additional years, to show that 

there was a positive correlation between DOM and iron (Fe) concentration (r=0.91) and 

DOM and MeHg concentration (r=0.51) across summer and fall seasons in three years. 

These studies illustrate that (1) MeHg concentrations in the lakes over three years of 

sampling are more highly related to DOM transport into lakes than to photochemical 

processes, and (2) MeHg concentrations in high carbon lakes are less impacted by 

photochemical processing than initially predicted. 

 Experiments in Chapter 3 quantified the effect of photoreactive DOM on MeHg 

photodemethylation rate constants. A bulk water sample was collected from one of the 

high DOM lakes (BDW Lake) in June, August, and October. Direct photochemical 

manipulation of the natural DOM in the sample (through preconditioning in 

photoreactors) reduced the absorbance of the waters to 30% of the original absorbance 

(reduction of 70%). The purpose of this treatment was to mimic natural photochemical 
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processing that would occur at the surface of a lake that was no longer mixing or 

receiving lateral inputs of water (containing DOM and MeHg) from external sources (i.e. 

wetlands, runoff, precipitation). The experimental treatment (with reduced photoreactive 

DOM) did not have any effect on photodemethylation rate constants within sampling 

month. However, June water consistently had greater photodemethylation rate constants 

than the other two sampling periods (August and October). Photodemethylation 

efficiencies were also ten times higher in June than the other two sampling periods and 

declined with increasing DOM concentration (both natural and photochemically 

removed). Overall, the results from Chapter 3 highlighted that there is a greater potential 

for photodemethylation to occur in lower carbon waters with less photoreactive (more 

photobleached) DOM. 

 Building on outcomes from Chapter 3, the objective of the simulation experiments 

discussed in Chapter 4 was to quantify the DOM phototransformation and MeHg 

photodemethylation rate constants. Bulk water samples from one lake in spring (May), 

and six lakes in summer (July) and fall (October), were filtered, bottled, and placed in full 

sun to measure photochemical transformations of DOM and MeHg over one week in each 

season. Up to 90% of the MeHg (initial concentration ~3 ng L-1) was lost in the lower 

DOM lake waters and photodemethylation rate constants were negatively related to DOM 

concentration (R2=0.76). Interestingly, this relationship did not change across sampling 

and exposure seasons and photodemethylation rate constants were negatively related to 

rates of DOM phototransformation. Separately, photomineralization and photobleaching 

rates of DOM could explain 58-72% and 83-90% of the change in MeHg 

photodemethylation rate constants, respectively. Results in Chapter 4 suggest that the 
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competition between DOM and DOM-MeHg for available photons is higher in high-

DOM waters. These results are similar to those in Chapter 3 when comparing the 

efficiency for photodemethylation between waters with different DOM. However, in 

Chapter 4 the actual photodemethylation rate constants were different between 

treatments. There are a few reasons for the difference between chapters: 1) Chapter 3 

used water from the same lake but was manipulated in the lab and 2) the fixed wavebands 

of constant irradiation exposure in Chapter 3 may have reduced the potential for variation 

in photodemethylation due to an excess supply of UV-A photons compared to diurnal 

cycles exhibited in the natural radiation experiments of Chapter 4. These results and 

conclusions provide further evidence that DOM is a primary control on 

photodemethylation. 

2 Specific significance and applications 

 Photodemethylation has been identified as the primary pathway for removing 

MeHg from freshwater lakes (Sellers et al. 2001; Hammerschmidt and Fitzgerald 2006; 

Lehnherr and St Louis 2009; Poste et al. 2015), Arctic ponds (Lehnherr et al. 2012), and 

wetlands (Black et al. 2012; Fleck et al. 2014) and the importance of DOM to this 

pathway is certain (Li et al. 2010; Fleck et al. 2014; Tai et al. 2014; Qian et al. 2014; 

Jeremiason et al. 2015). Predicting photodemethylation rate constants, however, is less 

straightforward (Black et al. 2012) and universal wavelength-specific rate constants 

(Fernández-Gómez et al. 2013) may apply only for the very surface of the water body. 

Photodemethylation rate constants at depth in the water column will be greatly influenced 

by prior attenuation of radiation within the aquatic environment with shorter wavelengths 
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(UV-B) being attenuated rapidly in surface waters (Sellers et al. 1996; Lehnherr and St 

Louis 2009; Poste et al. 2015) and this effect is strongly influenced by DOM (Scully and 

Lean 1994; Lehnherr and St Louis 2009; Haverstock et al. 2012). The results presented in 

this thesis from controlled experiments provide a rational and a well-quantified 

foundation for predicting the relationships between DOM and photodemethylation. This 

thesis also provides a conceptual framework to explain how and why more photoreactive 

DOM will likely inhibit photodemethylation in a variety of freshwaters. Quantifying the 

photoreactive nature of DOM in mercury sensitive environments is key to predicting the 

potential for photodemethylation to occur. 

 The effect of DOM on photodemethylation is dynamic and is influenced by the 

photoreactivity of DOM. Increased DOM (browning of waters) is predicted in many 

temperate and boreal lakes with future increases in precipitation and primary productivity 

(Isidorova et al. 2016; Strock et al. 2016; de Wit et al. 2016). As such, quantifying MeHg 

interactions with DOM are critical in these aquatic systems (Strock et al. 2016; de Wit et 

al. 2016). Observed as well as predicted increases in DOM flux from the landscape will 

likely also lead to increased mercury mobility and flux into freshwaters. Large-scale 

processes such as clearcutting and forestry activity not only greatly impact the magnitude 

of DOM transport from watersheds but can also affect DOM structure (Carignan et al. 

2000; O’Driscoll et al. 2004, 2006). Based upon this research, browning of freshwaters 

will likely decrease or completely inhibit photodemethylation in these systems, 

particularly in mercury sensitive dystrophic systems like Kejimkujik National Park. 

 Outcomes of this thesis are important for management and mitigation. This work 

may influence mercury policy and awareness within Nova Scotia in regards to public 
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health and risk management strategies for these mercury sensitive ecosystems. Elevated 

MeHg concentrations in Kejimkujik National Park (Wyn et al. 2010; Little et al. 2015) 

and surrounding areas, despite reductions in atmospheric acid deposition (Whitfield et al. 

2006) and mercury deposition (Cole et al. 2014), may be further explained from a source-

sink perspective using photodemethylation rate constants presented in this thesis. Results 

from this research will facilitate the refinement of process-based freshwater mercury 

models predicting mercury accumulation in food webs such as the Dynamic Mercury 

Cycling Model (D-MCM; developed by R. Harris). Further work has focused primarily 

on the methylation potential from sediments as a primary indicator of MeHg risk to 

organisms following ecosystem disturbance, namely hydroelectric dam formation 

(Schartup et al. 2015; Calder et al. 2016). Refined models will help to predict changes in 

MeHg availability in high carbon lakes like those in Kejimkujik National Park, which are 

sensitive to mercury retention and subsequent risk to organisms in these ecosystems. 

Particularly, the application of these results in other freshwaters that are high in carbon 

and low in pH is key to determine the transferability of the relationship between DOM 

and MeHg photodemethylation identified in our study system. Results from this thesis 

also provide another framework in which mercury contamination needs to be addressed, 

by using water chemistry characteristics that target mercury speciation in susceptible 

freshwaters. 

3 Future work    

 This thesis is the first study on MeHg photodemethylation in a temperate sub-

boreal ecosystem with poor buffering capacity that has had chronic sulfate and mercury 
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deposition. The most comparable studies of DOM and MeHg photochemistry took place 

in California wetlands (both natural and constructed) (Black et al. 2012; Fleck et al. 2014) 

and Florida Everglades (Li et al. 2010), both of which have very different climates than 

our study site in Kejimkujik National Park but also suggest a definable relationship 

between DOM photochemistry and MeHg photodemethylation. More studies going 

forward need to focus on comparability in order to determine the application of these 

relationships across different ecosystems based on a DOM metric that addresses both 

concentration but also photoreactivity and thereby reactivity for MeHg species that are 

bound to the DOM. 

The relationships found here between DOM concentration and both UV-A 

attenuation (Kd) and photodemethylation rate constants (kPD) validate their application to 

lakes in Kejimkujik National Park to predict the strength of photodemethylation as a sink 

across lake types and seasons. A photodemethylation potential model should be 

constructed using DOM (concentration and absorbance properties) and MeHg 

(concentration) monitoring data from multi-year datasets and then tested using monitoring 

water quality data from Parks Canada and mercury fate data from lakes across Canada 

from Environment and Climate Change Canada. Additionally, aerial fluorescence light 

detection and ranging (LiDAR) has been shown to be a good surrogate for DOM 

concentration in estuarine samples (Rogers et al. 2012) and this optical application may 

be useful for characterizing variations in photoreactive DOM in remote freshwaters.  

 Both DOM and MeHg concentrations are controlled by hydrology, climate, and 

seasonality, which will help predict spatially and temporally when photodemethylation 

potential is weakest and therefore MeHg concentrations may be highest. These periods of 



 156 

low photodemethylation potential will then need to be compared with biologically 

relevant risks. For example, there is very little to no photodemethylation predicted to 

occur in winter when lake surfaces are frozen and covered in ice and snow (Poste et al. 

2015). Methylation will likely be very slow at this time and MeHg uptake to organisms 

may also be limited. Therefore, future studies should focus on spring melt or storm events 

when transport of solutes is increased and hot moments will likely exist along transitional 

boundaries (McClain et al. 2003; Mitchell et al. 2008; Singer et al. 2016).  

 The effect of both photosynthesizing and heterotrophic bacteria in the lakes of 

Kejimkujik National Park should also be explored. These organisms may provide a 

critical link in the persistent mercury story of this area by changing food web structure 

(microbial loops; see Sherr and Sherr (1988)) and mercury speciation and concentrations 

in the food web (water column speciation see Siciliano et al. (2005) and Eckley and 

Hintelmann (2006)). Recently, the use of divalent mercury (Hg(II)) by photosynthesizing 

microbes was identified in lab-based studies (Schaefer 2016; Grégoire and Poulain 2016) 

and these findings highlight the need for combining photochemistry with photobiology to 

address mercury cycling in natural waters. Even so, oligotrophic and dystrophic lakes 

receive the majority of organic matter from allochtonous sources, and therefore microbial 

studies that characterize detritus-based microbial loops within food webs may also help 

explain the high mercury concentrations in biota in Kejimkujik National Park. 

 Better optical characterization of DOM in mercury sensitive ecosystems is also 

needed to better predict photodemethylation potential. Measuring absorbance is fairly 

robust and quick and should be included immediately in monitoring programs that are not 

already measuring this simple parameter. Characterizing photoreactive DOM in different 
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ecosystems in combination with MeHg photodemethylation will better elucidate 

interactive relationships and provide a framework for addressing this MeHg sink in 

freshwater ecosystems globally. Predicted increases of fluxes of organic matter into 

freshwaters and browning of waters will result in an increase in the competitive effect 

between DOM and MeHg photoreactions. Specifically, the flux of DOM and mercury 

into lakes is crucial for constraining risks of MeHg production and exposure to food 

webs. A better understanding of the inputs and fate of MeHg depends upon DOM flux 

and photoreactions with DOM.  
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APPENDICES 

Appendix 1: Supplementary information for Chapter 2: Photoreactivity of dissolved 
organic matter in the lakes of Kejimkujik National Park Nova Scotia: Implications 
for methylmercury photochemistry 
 
 
 
Table A1.1 Catchment area, volume, flushing rate, dissolved organic carbon (DOM) 

concentration, and methylmercury (MeHg) concentration for each sampling lake. 

Physical lake characteristics presented in O’Driscoll et al. (2005). DOM and MeHg 

concentrations are presented as 2013 means ± 1 standard deviation (n=3).   

 

 

 

 

 

 

 

 
 
 
 

Lake 
Catchment 
Area (km2) 

Volume 
(x103 m3) 

Flushing 
Rate (y-1) 

Wetland in 
Watershed (%) 

[DOM]   
(mg L-1) 

[MeHg] 
(ng L-1) 

BDE 2.0 1055 1.6 0 5.86 ± 1.06 0.09 ± 0.05 
PUZ 2.1 911 2.0 26.06 5.71 ± 1.33 0.09 ± 0.02 
NC 3.6 498 6.1 13.52 7.29 ± 1.15 0.62 ± 0.55 
PES 66.0 12249 4.6 3.59 12.69 ± 3.19 0.16 ± 0.04 
BDW 40.0 2593 13.1 5.04 17.06 ± 2.64 0.33 ± 0.20 
PEB 1.6 474 2.9 14.99 19.55 ± 3.46 0.65 ± 0.78 



 163 

Figure A1.1 Dissolved organic carbon (DOC) normalized results from irradiation 
experiments arranged in order of increasing average DOC concentration showing (A) 
DOC loss (B) and absorbance at 350nm loss over the 24 hour irradiation period for each 
sampling month. 
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Figure A1.2 Complete UV-A attenuation depth (depth of non-detectable UV-A) for each 
study lake during sampling. Sampling depth is shown using a dashed line. 

 

Figure A1.3 Example of absorbance coefficients at 350 nm (A350nm) during one 
irradiation experiment for PEB lake (grey squares) in fall (September) with high 
concentrations of dissolved organic carbon (DOC; 24.9 ± 0.33 mg L-1) and PUZ lake 
(white circles) in late-summer (August) with low DOC concentrations (4.8 ± 0.47 mg –l). 
Data are means ± 1 standard deviation of experimental replicate measurements (n=3). 
Note the two y-axes are an order of magnitude apart to facilitate comparison.  
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Figure A1.4 Change in spectral slope ratio (SR: S275-295nm/S350-400nm) over each 24-hour 
irradiation experiment in each sampling month: summer (June), late-summer (August), 
and fall (September). 

 

Figure A1.5 Contributions of iron (Fe) to the total absorbance in each lake water sample 
expressed in percentage absorbance using calculations from Poulin et al. (2014). 
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Appendix 2: Supplementary information for Chapter 3: Quantifying the effects of photoreactive dissolved organic matter 
on methylmercury photodemethylation rate constants in freshwaters 
 
 
Table A2.1 Water characteristics measured in each experimental sample for each UV-A exposure. Dissolved organic carbon 
(DOC) concentration, absorbance at 350 nm (A350), specific ultraviolet absorbance (SUVA254), ultraviolet spectral slope ratio 
(UV SR), ultraviolet-visible spectral slope ratio (UV-vis SR), and methylmercury (MeHg) concentration. 
 

Month Treatment 
UV-A  
(kJ) 

DOC  
(mg C L-1) 

A350  
(AU cm-1) 

SUVA254  
(m-1 mg C L-1) 

UV 
SR 

MeHg 
(ng L-1) 

June (1) 100% DOMp + 1 ng L-1 MeHg spike 0 10.26 0.113 8.97 0.93 1.674 

  
35.17 9.46 0.098 8.89 1.03 1.203 

  
42.49 9.40 0.100 8.96 1.04 0.961 

  
49.37 9.43 0.103 8.86 1.01 1.022 

  
68.39 8.99 0.087 8.63 1.08 0.705 

  
81.84 8.95 0.092 8.64 1.12 0.468 

  
91.16 8.85 0.089 8.72 1.10 0.702 

  
 control 10.05 0.115 9.03 0.92 1.136 

 
(2) <30% DOMp + 1 ng L-1 MeHg spike 0.00 3.80 0.017 3.17 1.25 0.816 

  
35.17 3.90 0.014 2.78 1.39 0.547 

  
42.49 4.22 0.016 2.84 1.16 0.439 

  
49.37 3.89 0.015 2.66 1.59 0.655 

  
68.39 3.95 0.014 2.16 1.06 0.511 

  
81.84 3.64 0.011 2.34 0.81 0.258 

  
91.16 3.23 0.007 1.50 0.61 0.368 

  
control 4.23 0.020 3.43 1.32 0.853 

 
(3) 100% DOMp  0.00 10.14 0.117 8.91 0.91 0.288 

  
35.17 9.24 0.101 9.09 1.02 0.276 



 167 

  
42.49 9.19 0.098 8.92 1.03 0.198 

  
49.37 9.41 0.099 8.78 1.06 0.219 

  
68.39 8.67 0.088 8.52 1.06 0.138 

  
81.84 8.59 0.086 8.47 1.06 0.108 

  
91.16 8.51 0.086 8.47 1.05 0.124 

  
 control 10.22 0.116 8.81 0.90 0.228 

August (1) 100% DOMp + 1 ng L-1 MeHg spike 0.00 21.03 0.251 9.32 0.94 1.533 

  
35.17 19.66 0.222 9.35 1.02 1.086 

  
42.49 19.40 0.222 9.45 1.05 1.078 

  
49.37 19.56 0.226 9.43 1.04 1.163 

  
68.39 18.38 0.209 9.41 1.05 0.831 

  
81.84 18.50 0.206 9.35 1.05 0.830 

  
91.16 18.14 0.206 9.41 1.06 0.919 

  
 control 20.87 0.252 9.42 0.94 1.517 

 
(2) <30% DOMp + 1 ng L-1 MeHg spike 0.00 7.22 0.067 4.72 1.06 0.889 

  
35.17 6.36 0.025 1.95 0.63 n.a. 

  
42.49 7.32 0.086 6.48 1.34 0.694 

  
49.37 7.93 0.040 4.18 1.37 0.919 

  
68.39 5.77 0.026 1.96 0.64 n.a. 

  
81.84 5.86 0.094 6.92 1.35 0.299 

  
91.16 6.84 0.031 2.46 0.94 0.365 

  
control 6.85 0.074 5.72 1.14 0.868 

 
(3) 100% DOMp  0.00 21.14 0.253 9.39 0.94 0.419 

  
35.17 20.41 0.221 9.02 1.01 0.327 

  
42.49 20.00 0.217 9.12 1.02 0.316 

  
49.37 20.09 0.219 9.14 1.02 0.328 

  
68.39 19.01 0.204 9.15 1.05 0.264 
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81.84 19.25 0.204 8.96 1.06 0.240 

  
91.16 18.76 0.197 9.08 1.09 0.261 

  
control 21.14 0.252 9.31 0.94 0.414 

October (1) 100% DOMp + 1 ng L-1 MeHg spike 0.00 19.08 0.225 9.28 0.95 1.426 

  
35.17 17.89 0.202 9.31 1.03 0.915 

  
42.49 17.65 0.197 9.39 1.03 1.134 

  
49.37 17.62 0.201 9.45 1.02 0.997 

  
68.39 17.01 0.184 9.31 1.05 0.677 

  
81.84 16.99 0.184 9.15 1.07 0.818 

  
91.16 16.77 0.182 9.24 1.08 0.828 

  
control 18.83 0.224 9.34 0.95 1.361 

 
(2) <30% DOMp + 1 ng L-1 MeHg spike 0.00 6.20 0.027 3.43 1.47 0.621 

  
35.17 n.a. 0.025 n.a. 0.83 0.663 

  
42.49 7.01 0.052 4.57 1.03 0.437 

  
49.37 7.22 0.053 5.04 1.14 0.448 

  
68.39 7.92 0.049 5.64 1.34 0.311 

  
81.84 5.55 0.026 2.53 1.33 0.365 

  
91.16 6.37 0.091 8.07 0.91 0.296 

  
control 5.89 0.033 3.85 1.18 0.698 

 
(3) 100% DOMp  0.00 19.08 0.153 6.62 0.98 0.328 

  
35.17 18.57 0.197 8.94 1.03 0.240 

  
42.49 18.31 0.195 9.06 1.00 0.253 

  
49.37 18.17 0.198 9.18 1.01 0.296 

  
68.39 17.33 0.188 9.12 1.04 0.192 

  
81.84 17.20 0.183 9.13 1.06 0.197 

  
91.16 17.19 0.183 9.11 1.07 0.220 

     control 19.38 0.227 9.15 0.94 0.313 
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Figure A2.1 (A) Full spectrum (300-800nm) of photoreactor irradiance compared to 
ambient solar radiation on a cloudless June day for Nova Scotia, and (B) a photograph 
showing beaker placement within the photoreactor for irradiation experiments. 
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Figure A2.2 The natural log transformed data for methylmercury (MeHg) concentration for each of the three water quality 
treatments: Treatment 1: 100% photoreactive dissolved organic matter (DOMp) plus a MeHg spike, Treatment 2: <30% DOMp 
plus a MeHg spike, Treatment 3: 100% DOMp with no MeHg spike, in each of the months (A): June, (B): August, and (C): 
October. 
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Figure A2.3 No correlation between initial MeHg concentration and photodemethylation 
rate constant (kPD; Pearson’s r=0.290, p=0.449).  
 

 
 
Figure A2.4 Correlation between initial dissolved organic carbon (DOC) concentration 
(mg C L-1) and photodemethylation rate constant (kPD; Pearson’s r=-0.585, p=0.098). 
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Figure A2.5 Correlation between significant change in ultraviolet spectral slope ratio 
(UV SR) and photodemethylation rate constant (Pearson’s r=0.841, p=0.036). 

 
 
Figure A2.6 Correlation between initial dissolved organic carbon (DOC) concentration 
(mg C L-1) and photodemethylation efficiency (Pearson’s r=-0.78, p=0.012). 
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Appendix 3: Supplementary information for Chapter 4: Dissolved organic matter 
inhibits freshwater methylmercury photodemethylation 
 
 
Table A3.1 Summary of cumulative UV-A exposure intensity, methylmercury 
concentration (MeHg), and dissolved organic matter (DOM) concentration for each 
experimental treatment in each of the seasons and lakes. 
 

Season Lake Treatment Day 
UV-A  
(kJ m-2) 

MeHg  
(ng L-1) 

DOM  
(mgC L-1) 

pH 
 

Spring BDW Filtered 0 0 1.98 ± 0.27 6.92 ± 0.05 5.18 
Spring BDW Filtered 1 502 1.75 ± 0.20 6.61 ± 0.05 n.a. 
Spring BDW Filtered 2 735 n.a. 6.63 ± 0.00 n.a. 
Spring BDW Filtered 3 1804 1.51 ± 0.05 6.37 ± 0.06 n.a. 
Spring BDW Filtered 5 3317 1.22 ± 0.09 5.96 ± 0.03 n.a. 
Spring BDW Filtered 7 5491 0.99 5.84 ± 0.01 n.a. 
Spring BDW Filtered control 0 2.32 ± 0.05 6.90 ± 0.02 n.a. 
Spring BDW Unfiltered 0 0 2.78 ± 0.10 7.10 ± 0.03 5.29 
Spring BDW Unfiltered 1 502 2.32 ± 0.06 6.73 ± 0.01 n.a. 
Spring BDW Unfiltered 2 735 2.21 6.61 ± 0.02 n.a. 
Spring BDW Unfiltered 3 1804 1.85 ± 0.09 6.37 ± 0.10 n.a. 
Spring BDW Unfiltered 5 3317 1.54 ± 0.05 5.89 ± 0.12 n.a. 
Spring BDW Unfiltered 7 5491 1.422 5.84 ± 0.01 n.a. 
Spring BDW Unfiltered control 0 2.68 ± 0.04 6.83 ± 0.03 n.a. 
Summer BDE 6 lakes 0 0 3.88 ± 0.07 5.10 n.a. 
Summer BDE 6 lakes 1 819 2.36 ± 0.05 4.89 5.24 
Summer BDE 6 lakes 2 1644 1.49 ± 0.04 4.73 5.14 
Summer BDE 6 lakes 3 2513 0.97 ± 0.01 4.34 5.04 
Summer BDE 6 lakes 5 3994 0.50 ± 0.01 4.03 n.a. 
Summer BDE 6 lakes 7 5515 0.35 ± 0.01 3.64 5.61 
Summer BDE 6 lakes control 0 3.81 ± 0.09 5.04 5.32 
Summer PUZ 6 lakes 0 0 3.81 ± 0.13 4.17 n.a. 
Summer PUZ 6 lakes 1 819 2.34 ± 0.07 3.97 4.90 
Summer PUZ 6 lakes 2 1644 1.34 ± 0.06 3.76 4.91 
Summer PUZ 6 lakes 3 2513 0.87 ± 0.03 3.50 4.89 
Summer PUZ 6 lakes 5 3994 0.38 ± 0.01 2.90 n.a. 
Summer PUZ 6 lakes 7 5515 0.27 ± 0.01 2.96 4.88 
Summer PUZ 6 lakes control 0 3.06 ± 0.30 4.24 4.88 
Summer NCR 6 lakes 0 0 3.80 ± 0.07 5.24 n.a. 
Summer NCR 6 lakes 1 819 2.37 ± 0.10 4.96 4.82 



 

 174 

Summer NCR 6 lakes 2 1644 1.36 ± 0.00 4.60 4.89 
Summer NCR 6 lakes 3 2513 0.93 ± 0.02 4.23 4.84 
Summer NCR 6 lakes 5 3994 0.41 ± 0.01 3.49 n.a. 
Summer NCR 6 lakes 7 5515 0.24 ± 0.00 3.04 5.03 
Summer NCR 6 lakes control 0 3.51 ± 0.05 5.22 4.76 
Summer PES 6 lakes 0 0 3.81 ± 0.10 12.50 n.a. 
Summer PES 6 lakes 1 819 2.68 ± 0.11 12.03 4.44 
Summer PES 6 lakes 2 1644 1.84 ± 0.04 11.41 4.50 
Summer PES 6 lakes 3 2513 1.23 ± 0.03 11.01 4.53 
Summer PES 6 lakes 5 3994 0.88 ± 0.01 10.28 n.a. 
Summer PES 6 lakes 7 5515 0.57 ± 0.01 9.99 4.89 
Summer PES 6 lakes control 0 3.79 ± 0.13 12.48 4.46 
Summer BDW 6 lakes 0 0 4.18 ± 0.10 8.50 n.a. 
Summer BDW 6 lakes 1 819 3.02 ± 0.09 8.05 4.72 
Summer BDW 6 lakes 2 1644 2.11 ± 0.06 7.34 4.81 
Summer BDW 6 lakes 3 2513 1.65 ± 0.04 6.99 4.91 
Summer BDW 6 lakes 5 3994 0.94 ± 0.02 6.00 n.a. 
Summer BDW 6 lakes 7 5515 0.65 ± 0.01 4.80 4.93 
Summer BDW 6 lakes control 0 3.33 ± 0.05 8.46 4.70 
Summer PEB 6 lakes 0 0 3.90 ± 0.07 13.25 n.a. 
Summer PEB 6 lakes 1 819 3.05 ± 0.04 12.67 4.28 
Summer PEB 6 lakes 2 1644 2.43 ± 0.04 11.98 4.31 
Summer PEB 6 lakes 3 2513 1.91 ± 0.04 11.53 4.36 
Summer PEB 6 lakes 5 3994 1.19 ± 0.03 10.63 n.a. 
Summer PEB 6 lakes 7 5515 0.86 ± 0.03 9.63 4.44 
Summer PEB 6 lakes control 0 3.91 ± 0.07 13.22 4.32 
Fall BDE 6 lakes 0 0 3.54 ± 0.11 4.50 5.22 
Fall BDE 6 lakes 1 294 2.86 4.39 5.14 
Fall BDE 6 lakes 2 764 2.33 4.39 5.22 
Fall BDE 6 lakes 3 1226 1.92 4.35 5.20 
Fall BDE 6 lakes 5 1965 1.47 4.26 5.16 
Fall BDE 6 lakes 7 2596 1.21 4.22 5.10 
Fall BDE 6 lakes control 0 3.27 ± 0.09 4.46 5.23 
Fall PUZ 6 lakes 0 0 3.57 ± 0.20 4.08 3.98 
Fall PUZ 6 lakes 1 294 2.90 3.99 3.90 
Fall PUZ 6 lakes 2 764 2.28 3.94 3.88 
Fall PUZ 6 lakes 3 1226 1.79 3.89 3.87 
Fall PUZ 6 lakes 5 1965 1.34 3.82 3.84 
Fall PUZ 6 lakes 7 2596 1.15 3.82 3.81 
Fall PUZ 6 lakes control 0 3.03 ± 0.30 4.02 3.94 
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Fall NCR 6 lakes 0 0 3.59 ± 0.20 5.25 3.95 
Fall NCR 6 lakes 1 294 2.96 5.15 3.96 
Fall NCR 6 lakes 2 764 2.09 5.10 3.97 
Fall NCR 6 lakes 3 1226 1.59 5.04 3.96 
Fall NCR 6 lakes 5 1965 1.24 5.00 3.96 
Fall NCR 6 lakes 7 2596 0.91 4.95 3.91 
Fall NCR 6 lakes control 0 3.04 ± 0.04 5.27 4.06 
Fall PES 6 lakes 0 0 3.43 ± 0.09 6.69 3.82 
Fall PES 6 lakes 1 294 3.17 6.52 3.81 
Fall PES 6 lakes 2 764 2.72 6.45 3.81 
Fall PES 6 lakes 3 1226 2.38 6.30 3.82 
Fall PES 6 lakes 5 1965 1.90 6.17 3.82 
Fall PES 6 lakes 7 2596 1.60 6.01 3.80 
Fall PES 6 lakes control 0 2.90 ± 0.06 6.72 3.82 
Fall BDW 6 lakes 0 0 3.66 ± 0.07 16.71 4.12 
Fall BDW 6 lakes 1 294 3.35 16.49 4.23 
Fall BDW 6 lakes 2 764 3.12 16.06 4.26 
Fall BDW 6 lakes 3 1226 2.85 15.49 4.29 
Fall BDW 6 lakes 5 1965 2.57 15.18 4.30 
Fall BDW 6 lakes 7 2596 2.34 14.77 4.32 
Fall BDW 6 lakes control 0 3.65 ± 0.05 16.53 4.20 
Fall PEB 6 lakes 0 0 4.02 ± 1.14 14.73 3.72 
Fall PEB 6 lakes 1 294 3.34 14.43 3.72 
Fall PEB 6 lakes 2 764 3.03 14.11 3.72 
Fall PEB 6 lakes 3 1226 2.88 14.09 3.71 
Fall PEB 6 lakes 5 1965 2.63 13.77 3.71 
Fall PEB 6 lakes 7 2596 2.41 13.44 3.69 
Fall PEB 6 lakes control 0 3.34 ± 0.06 14.65 3.67 
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Table A3.2 Catchment area, volume, and flushing rate for each sampling lake. Physical 
lake characteristics presented in O’Driscoll et al. (2005).  
 

 

 

 

 

 

 

 
 
 
 
 
 
 
 
 
 
 
 
 
 
 

Lake 
Catchment 
Area (km2) 

Volume 
(x103 m3) 

Flushing 
Rate (y-1) 

Wetland in 
Watershed (%) 

BDE 2.0 1055 1.6 0 
PUZ 2.1 911 2.0 26.06 
NCR 3.6 498 6.1 13.52 
PES 66.0 12249 4.6 3.59 
BDW 40.0 2593 13.1 5.04 
PEB 1.6 474 2.9 14.99 
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Table A3.3 Summary table of published photodemethylation rate constants (kPD; that use cumulative PAR photons as the 
radiation exposure measurement) in freshwaters and corresponding location, water source, methylmercury (MeHg), source, 
MeHg concentration, dissolved organic matter (DOM) concentration, and reference from the literature. Summary table is adapted 
from Fleck et al. (2014) where kPDs were converted into common units (E m-1) and corrected for respective bottle wall 
attenuations. 

 
 

Reference Location Water source Season 
DOM  
(mg C L-1) 

Absorbance 
properties reported 

kPD 
corrected 

Sellers et al. 1996 ELA, Ontario, CA Lake not reported 17 not reported 5.2-13 

Sellers et al. 2001 ELA, Ontario, CA Lake May - October 17 not reported 2.6-5.2 

Lehnherr and St Louis 2009 ELA, Ontario, CA Lake July 12.8 not reported 4.5 

Hines and Brezonik 2004 Marcell, Minnesota, USA Lake May - September 11 not reported 10 

Li et al. 2010 Everglades, Florida, USA Freshwater wetland July - September 6.0-22 not reported 13.67 

Zhang and Hsu-Kim 2010 Laboratory experiments Commercial Isolates October + December 0-2 not reported 
 Hammerschmidt and Fitzgerald 

(2010) Alaska, USA Lake July 0.4-10 not reported 3.8 

Black et al. 2012 
San Francisco, California, 
USA Coastal wetland April 1.5-11.3 

UV/Vis absorbance, 
Fluorescence 9.9 +/- 2.0 

Fleck et al. 2014 
Sacramento, California, 
USA 

Freshwater wetland, 
rice fields July 8.5-36.3 

UV/Vis absorbance,  
SUVA254,  
spectral slopes,  
UV SR, UV-vis SR,  
fluorescence (FEEM 
plots) 7.5 +/- 3.5 

Jeremiason et al. 2015 St. Louis River, TN, USA isolates August 3.0-30.0 UV/Vis absorbance 
 

This study 
Kejimkujik National Park, 
Nova Scotia, CA Lakes May-October 3.0-16.0 

 UV/Vis absorbance 
SUVA254  
spectral slopes 
UV SR 4.1-13.3 
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Figure A3.1. Methylmercury (MeHg) concentration over 1-week irradiation experiments 
compared to UV-A exposure (kJ m-2) in (a) spring Big Dam West (BDW) filtered and 
unfiltered lake water, (b) summer Big Dam East (BDE), Puzzle (PUZ), North Cranberry 
(NCR), Peskawa (PES), BDW, and Pebbleloggitch (PEB) filtered lake water, and (c) fall 
filtered lake water for the same 6 lakes. 
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Figure A3.2 Methylmercury (MeHg) concentration over 1-week irradiation experiments 
compared to cumulative PAR photon flux (E m-2) in (a) summer Big Dam East (BDE), 
Puzzle (PUZ), North Cranberry (NCR), Peskawa (PES), Big Dam West (BDW), and 
Pebbleloggitch (PEB) filtered lake water, and (b) fall filtered lake water for the same 6 
lakes. 
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Figure A3.3 Natural log transformed methylmercury (MeHg) concentration over 1-week 
irradiation experiments compared to cumulative PAR photon flux (E m-2) in (a) summer 
Big Dam East (bde), Puzzle (puz), North Cranberry (ncr), Peskawa (pes), Big Dam West 
(bdw), and Pebbleloggitch (peb) filtered lake water, and (b) fall filtered lake water for the 
same 6 lakes. 
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Figure A3.4 Average water temperature inside experimental bottles for 1-week 
irradiation experiments in summer and fall (n=6).  
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Figure A3.5 Dissolved organic matter (DOM) concentration with UV-A exposure in 1-
week experiments in (a) summer and (b) fall. Slopes of regressions are 
photomineralization (kPM; all R2>0.86, p<0.001. 

 
 
 
Figure A3.6 Absorbance at 350 nm (A350) with UV-A exposure in 1-week experiments in 
(a) summer and (b) fall. Slopes of regressions are photobleaching (kPB; all R2>0.75, 
p<0.02). 

 
 

0 
2 
4 
6 
8 

10 
12 
14 
16 
18 

0 1000 2000 3000 4000 5000 6000 

D
O

M
 c

on
ce

nt
ra

tio
n 

(m
g 

C
 L

-1
) 

UV-A exposure (kJ m-2) 
0 1000 2000 3000 4000 5000 6000 

UV-A exposure (kJ m-2) 

BDE 
PUZ 
NCR 
PES 
BDW 
PEB 

a. summer b. fall 

0 
0.02 
0.04 
0.06 
0.08 

0.1 
0.12 
0.14 
0.16 
0.18 

0.2 

0 1000 2000 3000 4000 5000 6000 

A
35

0 
(A

U
 c

m
-1

) 

UV-A exposure (kJ m-2) 
0 1000 2000 3000 4000 5000 6000 

UV-A exposure (kJ m-2) 

BDE 
PUZ 
NCR 
PES 
BDW 
PEB 

a. summer b. fall 


